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EXECUTIVE SUMMARY
Introduction
Emerging organic pollutants (EOP) are a new category of pollutants whose health effects are
becoming a matter of public concern, even at the trace levels. These low levels of emerging
contaminants, such as endocrine-disrupting estrogenic steroids or antibiotics in natural waters
and drinking waters, may not cause an immediate lethal effect to humans, but may promote
disastrous impact on human health in the long term. For example, ng/L concentrations of
endocrine disruptors in water can cause feminization of male fish, and trace levels of
antibiotics are responsible for the proliferation of deadly antibiotic-resistant bacteria. In recent
years, because of the advanced analytical instrumentation and new analytical techniques,
scientists have been able to detect very low concentrations of many of these chemicals in
natural and drinking waters.
Emerging contaminants span a variety of chemicals (see Figure 1), including pharmaceuticals,
some prescription drugs, over-the-counter (OTC) medications, flame retardants, detergents,
multiple herbicides and pesticides, some personal care products, surfactants and surfactant
wastes, plasticizers and various industrial additives. All of these have been detected at trace
levels in drinking water. Although the health risks associated with trace levels of emerging
contaminants are not yet well understood, their very presence in drinking water at even low
levels has many consumers concerned.

Figure 1. Pharmaceuticals detected in environment. Data collected from 132 publications
between 1997 and 2009 [1].
EOPs are ubiquitous in our environment. The main sources of EOP’s are wastewater
treatment plants for domestic sewage, hospital effluents, chemical manufacturing plants,
landfill leachate, and from livestock and agricultural effluents. Multiple studies have
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demonstrated that standard sewage treatment technologies, are not sufficient to quantitatively
remove all EOPs and thus they bioaccumulate, with subsequent toxic effects in aquatic and
terrestrial ecosystems.
The most important chemicals of concern at this time, as identified by this panel, are
summarized in Table 1. These selections were based on recommendations from the
Stockholm Convention of Persistent Pollutants [2], and the Contaminant Candidate List 4 [3]
summary from the United States Environmental Protection Agency.
Table 1. The most important EOP chemicals of concern as identified by this panel.
General Class
Important examples
Pharmaceuticals
antibiotics, estrogenic steroids, anti-inflammatory drugs, lipid
regulators
Agrochemicals
insecticides, herbicides, pesticides
Hazardous
organo-mercury compounds
compounds
Industrial chemicals
ionic and non-ionic surfactants, flame retardants, PFOA/PFOS
Personal care
triclosan
products
It is important to identify the concentrations of these compounds in natural and treated
drinking waters so that effective techniques can be developed to remove these contaminants.
Conventional water treatment technologies that incorporate filtration, chemical and biological
treatment, are inherently not able to quantitatively remove such low levels of pollutants.
Therefore new technologies, based in radical treatment, are emerging as a method of choice.
Advantages for Radiation Treatment of Emerging Organic Pollutants:
The treatment of Emerging Organic Pollutants using oxidative radicals can be
performed by many technologies. For the primary oxidizing ●OH radical generation, a
summary of these technologies is given in Figure 2 [4].

Figure 2. Summary of possible technologies that can be used to generate hydroxyl radicals in
water.
The optimal technology to be used will depend upon the particular remediation
conditions; however, the electron beam approach has several major advantages under all

conditions. Such irradiation facilities are anticipated to be built as small-footprint, compact,
add-on systems to the conventional wastewater treatment plant. Liquid wastewater irradiators
can be designed to operate in either batch or continuous flow mode, and extremely high
throughputs are available in contrast to many other AOP technologies.
The operational cost for an electron-beam approach is low, and this technology does
not require addition of any other chemicals (H2O2, O3) to the waste stream. The electron beam
energy can be tuned to ensure complete penetration of waste streams, and so it can treat
pollutants even in turbid or colored systems. The reliability and effectiveness of the use of
electron beam technology as a tertiary treatment process for textile dye wastewater has been
demonstrated at 10,000 m3/day [5]. These same irradiation techniques can also treat
contaminated gases or sediments.
Another major advantage to the electron beam treatment is the high dose rates
available, which means that the chemistry occurring in the waste matrix can be readily
tailored. The electron beam energy deposition into water produces three radical species; the
oxidizing ●OH, and the reducing hydrated electron (eaq-) and hydrogen atom (H●) [6]. All
these radicals can be utilized for remediation. For example, when treating chemicallycontaminated waters, the dose rate from an electron beam is sufficient to quickly remove all
dissolved oxygen, which means that reducing hydrated electron reactions can occur which
aids in the removal of chlorinated and perfluorinated chemical contaminants.
Highlights of Consultants’ Presentations:
Hungary: The ionizing radiation-induced degradation of various pesticides [7,8], antiinflammatory drugs [9,10] and antibiotics were studied. All of the compounds were
effectively degraded. The hydroxyl radical (●OH) induced reactions with aromatic moiety
containing molecules the first step was usually the formation of cyclohexadienyl type radicals
[11,12]. The first degradation products were compounds hydroxylated on the aromatic ring. In
the reactions of the reductive hydrated electron contaminant dechlorination was found to be
important reaction for chlorine containing molecules. Toxicity in most cases showed a
maximum value: first increasing than decreasing. This toxicity was caused by both the
hydrogen peroxide produced during water radiolysis and by the degradation products
(phenolic type compounds) which were in most cases more toxic that the original compounds.
Recent studies have reported the remaining antibacterial activity of the products at
early-stages of treatment by OH reactions. The effect of such products of model β-lactams
(amoxicillin, ampicillin, cloxacillin) on bacteria were studied introducing structure-based, and
biological approaches. Chemical analysis revealed the destruction of the β-lactam
pharmacophore in competition with the reaction at the aromatic ring. Multi-site attack occurs
on the penicillin skeleton producing ●OH-substituted products. The enhanced hydrophilicity
confers higher diffusion rate through the porin channels of Gram-negative bacteria and
through the hydrophilic cell wall of Gram-positive species. Accordingly, an increase in acute
toxicity of treated samples was observed at the beginning of the treatment. The same tendency
was observed for target-specific antimicrobial activity investigated with antibiotic
susceptibility testing (agar-diffusion, bacterial growth). Prolonged treatments yielded various
products, e.g polyhydroxylated phenolic compounds, being also deleterious for bacteria.
Therefore, the process should be judiciously optimized. Complete mineralization could be
reached by applying proper doses; however, usually it is not required. The purpose is to
improve the biodegradability of the solutes and decrease the toxicity of both the compounds
and their metabolites.
The hydroxyl radical induced decomposition of sulfonamide type antibiotics in dilute
aqueous solutions was studied by a wide variety of analytical techniques [13,14]. The

WORKING MATERIAL

degradation products were identified by LC/MS-MS, GC-MS, and ion chromatography. A
new LC/MS-MS multiple reactions monitoring (MRM) database was set up for further
identification purposes. ICP-MS, COD, BOD and TOC measurements were used to follow the
mineralization. By comparing the data obtained with the different sulfonamide derivatives the
correlations between the chemical structure and degradability were discussed.
Japan: Small amount of biologically active persistent organic pollutants were detected in
effluent from wastewater treatment plant [15]. Treatment of wastewater having estrogen
activity was investigated using ionizing radiations [16,17]. 17 -estradiol (E2), a female
hormone, and p-nonylphenol mixtures (NPs), an artificial estrogenic steroid, were easily
decomposed in pure water by -ray irradiation. However, it needs a higher dose to eliminate
estrogenic activity in the sample solution than that to decompose E2 and NPs since their
primary products also have estrogen activity. Real wastewater samples collected from river
have estrogen activities evaluated by the yeast two-hybrid assay based on human or medaka
estrogen receptors. The dose required for the elimination of estrogen activity of wastewater
below the threshold concentration at 1 ng dm-3 was about 200 Gy. The dose for elimination of
the estrogen activity can be reduced by combining conventional wastewater treatment method
to reduce dissolved organic materials in wastewater.
Some of pharmaceuticals and antibiotics are persistent through present conventional
wastewater treatment methods. Oseltamivir, aspirin, ibuprofen and chlortetracycline at 5 mol
dm-3 concentration in wastewater were easily decomposed by activated sludge. On the other
hand, carbamazepine, ketoprofen, mefenamic acid, clofibric acid, diclofenac, sulfamerazine,
sulfapyridine, sulfamethazine, sulfamethoxazole, and chloramphenicol were not completely
decomposed. Concentrations of these persistent chemicals decreased with dose of -rays, and
were less than 0.05 mg dm-3 as a threshold concentration of chronic toxicity up to 2 kGy of
dose [18]. The rate constants of the reactions of the pharmaceuticals and antibiotics with
hydroxyl radicals produced by the irradiation were estimated by the competition reaction
method to be 3.2-10 × 109 mol-1 dm3 s-1. The required dose for the treatment of wastewaters
by ionizing radiation can be estimated using the obtained rate constants and amount of
dissolved organic compounds.
Poland: Perfluoroalkyl compounds are man-made chemicals. They are used widely as a
surface-active agent and in a variety of products. Perfluorooctanesulfonate (PFOS) and
perfluorooctanoate (PFOA) are extremely persistent in the environment as they do not
hydrolyze, photolyze, or biodegrade under environmental conditions. They have the potential
to bioaccumulate and biomagnify in wildlife and human beings and have been detected in
water, wild life and humans in US, Asian and some European countries [19,20,21]. Kannan
K. et al. [21] reported PFOS and PFOA were detected in human blood samples from United
States, Europe and some Asian countries. Relative high concentration of PFOS and PFOA
were detected in human blood from Poland, 42.1 ng/mL PFOS and 21.3 ng/mL PFOA
respectively. Large volumes of water containing PFOA and PFOS it is very difficult to treat
using conventional technology.
The use of radiation is a promising technology to treat these pollutants. Preliminary study
of perfluorooctanoic acid (PFOA) decomposition under EB and gamma radiation in Poland
[22,23] shows that:
 PFOA defluorination prefers the reduction pathway, hydrogen radicals and hydrated
electron presence enhance the PFOA defluorination. Irradiation experiment showed
that PFOA defluorination efficiency was decreased in the order of argon-saturated,
pH 2.0 + 20 mg/L of t-butanol > argon-saturated, pH 7.0 + 20 mg/L of t-butanol >
aerated solution. 80% PFOA was decomposed at 50 kGy at the dose rate being 4.8
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kGy/h under gamma-ray irradiation. When the absorbed dose was increased to 100
kGy, 100% of PFOA was decomposed under EB or gamma irradiation.
 The main degradation products of PFOA were: perfluoroheptanoic acid,
perfluorohexanoic acid and the fluoride ion.
 Toxicity testing of this PFOA and radiolysis products have not been done. This needs
further investigation.
Some organo-mercury compounds have high toxic effects, especially methylmercury which
caused Minamata disease in Japan in 1956, where 2,265 individuals in the area were inflicted,
and 1,784 of those victims died as a result of the poisoning and/or the disease [24].
Methylmercury has been detected in estuarine sediments in some European countries, for e.g.,
Belgium, UK, France, Croatia, and Portugal as well as in Korean [25]. However a few studies
were reported for this compound treatment [26,27]. There is no published literature on the
radiation treatment of this compound. Toxic organomercury compounds removal from
contaminated waters also needs to be investigated in the future.
USA: The extensive use of antibiotics in the USA[28], in particular t
-lactam class, has
resulted in significant concentrations of these pharmaceuticals and their metabolites entering
water systems. Contaminant sources includes human therapeutic use, where up to 70% of
these antibiotics pass directly into wastewater streams untransformed, as well as the
antibiotics extensively used in agriculture [29] and to enhance livestock growth [30]. In
response, bacteria have developed multiple survival methods, producing strains that can be
highly resistant to entire classes of antibiotics [31], such as those harboring the gene for New
Delhi metalo-b-lactamase 1 (NDM-1) [32], which causes over 50,000 infant deaths in India
per year [33] and the mecA gene that confers resistance in methicillin-resistant
Staphylococcus aureus [34]. In addition, an antibiotic-resistant strain of the bacteria that
causes typhoid fever is now spreading through many countries, and has reached epidemic
levels in Africa [35].
Therefore public concern [36] about even trace levels of antibiotics and other antibacterials such as triclosan [37] remaining after traditional primary and secondary treatment
methods, utilized by the majority of municipal treatment systems, is driving the study of
additional treatment steps for these contaminated waters. Advanced oxidation process (AOP)
technologies [4] such as the electron beam are an attractive option to destroy these small
molecule contaminants, as their high water solubility makes adsorption technologies less
efficient.
The use of AOPs is predicated on the in-situ generation of the radicals, usually the
oxidizing hydroxyl (●OH) radical. Hydroxyl radicals can be generated by multiple
technologies [4] including chemical (H2O2
2O2/O3, O3
(photocatalysis/TiO2, supercritical water, sonolysis, plasmas, and radiation-based technologies
such as gamma radiation and electron beam) approaches. However, the quantitative removal
of antibiotic contaminants using these processes at large-scale, requires full-degradation
mechanisms, kinetics, reaction efficiencies and toxicological evaluations to be accurately
determined. The impacts of the real-world water matrix components dissolved organic matter
and alkalinity are also necessary. In our studies [38] the determination that multiple (5-12)
hydroxyl radi
-lactam antibiotics and
metabolite activity has profound implications for treatment of antibiotic-contaminated waters.
Conclusions:
1. Wastewater treatment plants are reservoirs, where bacteria can exchange genetic
information facilitating the spread of resistance mechanisms, particularly removing
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antibacterial and endocrine disrupting activity and also the toxicity of the antibiotic
residues is vital.
2. The members conclude that based on the limited research available radiation
technology using electron beam is most suitable for treatment of wastewaters to
eliminate Pollutants of Concern having toxicity or biological activity. Most of these
pollutants are susceptible to high-energy radiation, and complete degradation can be
achieved using low radiation doses, even at extremely low concentrations. Ionizing
radiation can be a multi-functional tool that can be optimized to treat these kinds of
pollutants.
3. During the ionizing radiation treatment of solutions containing Pollutants of Concern in
most cases their toxicity shows a maximum value: first increasing and then decreasing.
Due to the formation of toxic by-products the total absorbed dose required for complete
treatment needs to be higher than needed than just for complete degradation of the
original compounds.
4. Some of this extended toxicity detected during radiation treatment is caused by the
hydrogen peroxide produced during water radiolysis, in addition to the degradation
products (phenolic type compounds) formed which are in most cases more toxic than
the original chemicals. Quantification of these effects requires further investigation.
5. Complete mineralization of POCs can be achieved by applying the appropriate
absorbed dose, however, usually this is not required. The advantage of the ionizing
radiation treatment is the improvement of the biodegradability of these pollutants and
the decrease in toxicity of both the compounds and their metabolites. The use of
electron beams for the treatment of POC’s in combination with other methods, for
example ozone treatment, biological treatment, etc., has not been extensively studied.
Determination of the optimal conditions and dose required to degrade POC’s
sufficiently to allow the subsequent bioremediation of these pollutants.
6. Little knowledge is available for the use of electron beams to degrade some of these
POCs, for example, compounds that have been recently added to contaminant lists
identified by the Stockholm Convention of Persistent Pollutants.
7. The understanding of the fundamental chemistry, the kinetics and mechanisms of the
radicals involved in POC degradation, is minimal. Recent work has shown that other
species; for example carbonate radicals, can also enhance the degradation of POCs
under large-scale treatment conditions. Understanding such chemistry is required for
the optimal use of electron beam technologies.
8. The electron beam is the only large-scale technology that can easily create reducing
conditions, where reactions of the hydrated electrons or hydrogen atoms dominate.
This would be more effective for the quantitative removal of fluorinated or chlorinated
contaminant compounds.
9. Most of the available POC degradation data have been obtained at laboratory scale
using synthetic waters. Upscaling to larger systems using real-world waters is required
for better comprehension of technological treatment needs.
10. The estimated costs for electron beam treatment to remove POC’s are small in
comparison to conventional treatments that are ineffective.

11. Lastly, computer modeling/ simulation methods for the use of electron beam to remove
POC’s are essential, but not presently available.
Recommendations:
We make the following recommendations to IAEA to identify and address the following
gaps in our knowledge of these important chemical pollutants in our environment:
1. The use of the electron beam technology requires a multi-disciplinary approach,
covering a wide variety of subject areas including at least chemistry, biology,
toxicology, biochemistry, physics, environmental engineering, and hydrology. We
therefore recommend the initiation of a broad-scope technical meeting with wide
participation, to obtain a comprehensive understanding of this approach.
2. Studies to be initiated to establish contaminant structure-activity relationships for
radical reactions occurring in electron beam treated POC systems. The most important
emerging Pollutants of Concern, again listed here, are necessary for immediate detailed
study.
General Class
Pharmaceuticals

Important examples
antibiotics, estrogenic steroids, anti-inflammatory drugs, lipid
regulators
insecticides, herbicides, pesticides
organo-mercury compounds

Agrochemicals
Hazardous
compounds
Industrial chemicals
ionic and non-ionic surfactants, flame retardants, PFOA/PFOS
Personal
care triclosan
products

3. The increase in intermediate toxicity seen in radical-treated POC’s in water may
emerge as an area of concern. Studies to determine the chemistry behind the extent of
this increase, and correlations with contaminant chemical structures, need to be
perform.
4. Research is suggested for determining the optimal conditions and dose required to
degrade POC’s sufficiently to allow the subsequent bioremediation of these pollutants.
5. The use of electron beams for the degradation of POC’s in combination with other
methods, for example ozone and/or biological treatment, may be beneficial for largescale treatments. However, feasibility studies in this area are required.
6. The fundamental knowledge of the chemistry, particularly the kinetics and mechanisms
of the radicals involved, in POC degradation by electron beam irradiation is minimal.
Additional data are needed, and should also be validated by computer
modeling/simulation methods, and summarized in a database of relevant information.
Additional work to evaluate the importance of other radical species; for example
carbonate radicals, under large-scale treatment conditions is also necessary for the
optimal use of electron beam technologies.
7. The electron beam is the only large-scale treatment technology that can easily create
reducing conditions, which may be beneficial in removing certain POCs. Research into
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the use of this approach, especially for fluorinated or chlorinated contaminant
compounds, is therefore recommended.
8. Techno-economic evaluation of the electron beam treatment to remove POC’s under
various real-world conditions should be compared to other methodologies.
9. Research is suggested to establish the inherent advantages of using electron
beam/radiation technologies compared to other AOP systems at laboratory/pilot/largescale (including mobile electron beam accelerator systems) for treatment of POCs.
10. To achieve all these recommendations IAEA should consider initiating a Co-ordinated
Research Program.
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Abstract
The hydroxyl radical induced decomposition of sulfonamide type antibiotics in dilute aqueous solutions
was studied by a wide variety of analytical techniques. The degradation products were identified by LC/MS-MS,
GC-MS, and ion chromatography. A new LC/MS-MS multiple reactions monitoring (MRM) database was set up
for further identification purposes. ICP-MS, COD, BOD and TOC measurements were used to follow the
mineralization. By comparing the data obtained with the different sulfonamide derivatives the correlations
between the chemical structure and degradability were discussed.

1. OBJECTIVE OF THE RESEARCH
Toxic organic compounds e.g. pharmaceuticals are detected worldwide in the aquatic
environment, mainly through the effluents of sewage treatment plants; therefore, it is important to find
methods for their decomposition. High-energy radiation (electron beam, EB) treatment is a very
effective method for this purpose.
Our objective focused on the ionizing radiation induced decomposition of sulfonamide
antibiotics. The degradation products were identified by various methods and the change in toxicity
during irradiation was followed. The correlations between the chemical structure and degradability
were discussed.
2. INTRODUCTION
Sulfonamide antibiotics and their metabolites are classified as Persistent Organic Pollutants,
due to their excessive resistance to biological decomposition. Their degradation in surface waters may
take place with the intervention of hydroxyl radicals ( •OH). In rivers and lakes, •OH is suggested to
form in UV photolysis of dissolved organic material or nitrates and nitrites (Gajda-Schrantz et al.,
2013). On sunny days, the •OH formation rates are around 10 10 M s1 in the surface layers
(Olasehinde et al., 2013).
Sulfonamides are regularly detected in surface waters; even up to 1 µg L1 levels, because of
their widespread human and animal applications (García-Galán et al., 2008). A substantial fraction is
released to the environment by the wastewater treatment plants. The traditional water purification
technologies are not effective enough for degradation of non-biodegradable compounds (Baran et al.,
2006, 2009). Nowadays, a new class of water purification technologies, called Advanced Oxidation
Processes (AOP), is under development for degradation of badly biodegradable organic compounds.
Sulphonamides involved in this study include sulfanilamide (SAA) and 7 of its derivatives
substituted on the N-atom of -SO2-NH2 by N-aminoiminomethyl (Sulfaguanidine, SGD), acetyl
(Sulfacetamide, SCT), 1,3-diazine (Sulfadiazine, SDZ), 4,6-dimethylpyrimidin-2-yl Sulfamethazine
(SMZ), 5-methylisoxazol-3-yl (Sulfamethoxazole, SMX), 1,3-thiazol-2-yl (Sulfathiazole, STZ) or 3,4dimethyl-1,2-oxazol-5-yl (Sulfisoxazole, SSZ) groups.
In our study, ionizing radiation, an AOP technique, was applied to produce hydroxyl radicals.
During irradiation, the radiolysis of water produces three intermediates: hydroxyl radical (•OH,
2.810−7 mol J1), hydrated electron (eaq−1, 2.710−7 mol J1) and hydrogen atom (H•, 0.610−7 mol J1)
(Reaction (1)) (Spinks and Woods, 1990). Under practical conditions, when dissolved O 2 is present
(aerated solution), eaq−1 and H• transform to the O2•/HO2• pair in Reactions (2) and (3). As it is shown

in numerous experiments (e.g. Homlok et al., 2013), this pair does not contribute directly to the
degradation of the harmful organic pollutants. In laboratory experiments the reactions of •OH are often
investigated in N2O saturated solution (0.025 M) in order to convert eaq−1 to •OH (Reaction (4)).
Consequently, in N2O bubbled solution the active intermediates are •OH and H• with yields 5.510−7
and 0.610−7 mol J1, respectively.
H2O


eaq + H + OH

eaq + O2  O2


(k = 1.9  1010 M–1 s–1)



(k = 2.1  10 M s )

H + O2  HO2


(1)
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eaq + N2O + H2O  OH + OH + N2

–1

(2)

–1

(3)

(k = 9.1  10 M s )
9

–1

–1

(4)

Formerly gamma- or pulse radiolysis studies were made with several sulfonamide compounds
(Sabharwal et al., 1994; Guo et al., 2012; Liu et al., 2014). In a previous publication we reported some
of our results on sulfomethoxazole degradation under oxidative and reductive conditions (Sági et al.,
2014).
In this work in a complex approach, the •OH induced degradation products of the mentioned
sulfonamides were identified and degradation mechanisms were established. By using pulse radiolysis,
the elementary steps of •OH reactions and the short lived, so-called transient intermediates were
studied. The stable organic products were separated and identified by MS/MS and UV/Vis techniques.
For observation of inorganic products ICP-MS and ion chromatographic (IC) techniques were used.
During degradation several compounds form as primary products, and the numbers of products
increase enormously in the second, third, etc degradation steps. Therefore, sum parameters, like
Chemical Oxygen Demand (COD), Total Organic Carbon (TOC) and Total Nitrogen (TN) contents
were also used to characterize the systems with large number of products.
3. MATERIALS AND METHODS
All chemicals used in this study were purchased from Sigma-Aldrich. The experiments were carried
out with 1  10–4 M solfonamide concentrations.
Pulse radiolysis investigations were carried out using 800 ns pulses of accelerated electrons and
optical detection in 1 cm cell, dose/pulse 2040 Gy (J kg–1) (Takács et al., 2000). In this technique, the
energy absorption from a short pulse of accelerated electrons initiates the chemical changes. The
formation and decay of short-lived transient intermediates is followed by their light absorption in the
UV-Vis wavelength range. •OH formed during the pulse reacts with the solute molecules on longer
timescale than the pulse time. Gamma irradiations were carried out by a 60Co facility with 6 kGy h1
dose rate. Experiments were made at room temperature in unbuffered solutions saturated with air or
N2O.
UV-Vis spectra of un-irradiated and irradiated samples were taken by a conventional
spectrophotometer (JASCO 550 UV-Vis) with 1 cm cell. Liquid chromatography-mass spectrometry
(LC-MS) is the primary analytical tool used to investigate pharmaceuticals in environmental samples;
it enables both qualitative and quantitative analyses with detection limits below 1 ng dm–3. The
method is highly specific with low background interference. The degradation products were separated
by an Agilent 1200 liquid chromatograph (LC) equipped with a 5 mm × 100 mm Phenomenex Kinetex
XB-C18 capillary column. Separations were carried out under isocratic condition with 80% aqueous
formic acid (0.1%) and 20% pure acetonitrile. Both eluents were filtered through 0.2 μm RC-filters.
LC-separations were made at 25 °C at a flow rate of 0.2 cm3 min1. The compounds were detected and
identified with on-line mass spectrometry (MS). MS experiments were performed at positive or
negative ionization mode using an Agilent 6410 triple quadrupole tandem mass spectrometer
(MS/MS) with electrospray ionization (ESI). In Multiple Reaction Monitoring (MRM) analyses
applied the desired molecular ion is selected by the first quadrupole and collision induced dissociation
in the second one produces the distinctive product ions. The fragment ion or ions generated are
monitored in the third quadrupole.
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The ICP-MS measurements were performed on a high resolution, double focusing magnetic sector
field inductively coupled plasma mass spectrometer. The samples were introduced through a conical
nebulizer system with an uptake rate of 1 cm3 min1. The flow rates of nebulizer, auxiliary and cooling
gases were 0.95 dm3 min min1, 1.13 dm3 min min1 and 15.4 dm3 min min1, respectively.
NO3−, NO2−, SO32− and SO42− were identiﬁed and quantiﬁed with a Metrohm 861 Advanced Compact
IC system using a Metrosep A Supp 4-250/4.0 column with 1.8 mmol dm−3 Na2CO3 and 1.7 mmol
dm−3 NaHCO3 buffer solution eluent, while the determination of NH4+ was performed by a Metrosep
C3 column using 5.0 mmol dm−3 HNO3 buffer solution. Cation and anion detections were carried out
at 40 °C and 30 °C, respectively, at 1 cm3 min1 flow rate.
COD measures the amount of O2 needed for total oxidation of organics in the solution. Our technique
involves boiling of 30 cm3 samples at 1483°C for 2 h in 8 M H2SO4 solution with introduction of
K2Cr2O7 as oxidizing agent, Ag2SO4 as catalyst and HgSO4 for removing chlorides. The non-reacted
Cr2O72– was removed by titration with Mohr salt using ferroin indicator. The TOC was determined by
Non Dispersive Infrared (NDIR) detection, following a combustion catalytic oxidation method at 680
°C, on a high sensitivity catalyst equipped Shimadzu TOC-L system. The TN measurements were
carried out on the same instrument, with a TNM-L measuring unit. The values were obtained with a
chemiluminscence detector, after a catalytic thermal decomposition at 720 °C.
4. RESULTS AND DISCUSSION
3.1. Pulse radiolysis
For the investigation of transient intermediates, pulse radiolysis experiments were carried out in
N2O saturated solutions. In N2O bubbled solutions the reactive intermediates are •OH and H•, in
approximately 9:1 ratio. Fig. 1 shows the absorption spectra of the transients formed in neutral
sulfanilamide, sulfacetamide and sulfadiazine solutions.
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FIGURE 1. Pulse radiolysis absorption spectra of sulfanilamide, sulfacetamide (without
and with t-BuOH) and sulfadiazine in N2O saturated 1  10–4 M solutions. Inset shows the
concentration dependence of the pseudo-first-order rate coefficient of absorbance build-up at
420 nm in sulfacetamide solution.
TABLE 1. Names, abbreviated names used in the text, the R substituent on -SO2-NHR and
characteristic degradation data of sulfonamides investigated. In the table, in addition to our
rate coefficients, we collected also rate coefficients from the literature. The accuracy of these
values is generally 10%.

Sulfonamide
Abbreviation

Formula

Substituent
R

kOH, M–1 s–1
neutral

COD/Dose
slope,
mg

molecules
4.5 × 109, a)

dm–3 Gy–1
4.5 × 10–3

9.5 × 109, a)

5.6 × 10–3

5.3 × 109, a)

7.6 × 10–3

5.7 × 109, a)

6.4 × 10–3

8.3 × 109, b)

6.7 × 10–3

C10H11N3O3S
8.5 × 109, b)
MW 253.28
pKa1 1.6, pKa2 5.7
N
Sulfathiazole
C9H9N3O2S2
7.1 × 109, c)
STZ
MW 255.32
S
pKa1 2.2, pKa2 7.2
Sulfisoxazole
C11H13N3O3S
6.6 × 109, c)
SSZ
MW 267.30
pKa1 1.5, pKa2 5.0
a)
Present results; b) Behar and Behar, 1991; c) Boreen et al., 2004, 2005

5.3 × 10–3

Sulfanilamide
SAA

Sulfaguanidine
SGD

1.2.
1.3. SGD

C6H8N2O2S
MW 172.20
pKa1 2.0, pKa2 10.5
C7H10N4O2S
MW 214,24
pKa1 1.6, pKa2 11.3

H

NH2

NH

Sulfacetamide
SCT
Sulfadiazine
SDZ
Sulfamethazine
SMZ

C8H10N2O3S
MW 214.24
pKa1 1.8, pKa2 5.3
C10H10N4O2S
MW 250.28
pKa1 2.1, pKa2 6.4
C12H14N4O2S
MW: 278.33
pKa1 2.6, pKa2 7.4

O

CH3

N

N
CH3
N

N

CH3

Sulfamethoxazol
SMX

CH3

O

N

O

N

7.4 × 10–3
5.6 × 10–3

CH3

H3C

The maximum of the sulfanilamide spectrum is at 370 nm, the spectra of the other two compounds
are slightly shifted to longer wavelength, to about 410 nm. max for sulfisoxazole and sulfaguanidine
(not shown in the figure) was at 400 nm. Mezyk et al. (2007) published max at 400 and 415 nm for
sulfamethazine and sulfamethoxazole, respectively. The molar absorption coefficients in the maximum
in our work and in the literature were found to be in the 25004500 M1 cm1 range. In case of
sulfanilic acid max and max are at 385 nm and 4900 M1 cm1, respectively (Behar and Behar, 1991).
These absorbances were not observed when •OH was removed by high concentration of •OH scavenger
tert-butanol (t-BuOH, Fig. 1) or isopropanol (Phillips et al., 1973). The similarities in the absorption
spectra and their intensities suggest that the •OH attack mainly occurs with all molecules at the same
place, it takes place on the benzene ring.
This view is supported also by the reaction rate constants (k OH) (Mezyk et al., 2007). The kOH’s of
the •OH + sulfonamide reactions were measured by the time dependence of the absorbance build-up.
These time dependences, the so-called pseudo-first-order rate constants, were determined at several
concentrations. The slope of the pseudo-first-order rate constant-sulfonamide concentration plot
supplied the second-order rate constant. This plot is shown for sulfacetamide in the Inset of Fig. 1. The
second-order rate constant is (5.30.6) × 109 M1 s1. Our rate constants, collected in Table 1,
reasonably agree with most of the kOH’s determined previously. These kOH’s are very high, that is
typical for benzene type molecules. The hydroxyl radical reacts with such aromatics as benzene,
aniline or sulfanilic acid, with rate constants of 7.9 × 109, 8.6 × 109 and 8.2 × 109 M1 s1, respectively
(Behar and Behar, 1991; Wojnárovits and Takács, 2013). The values are close to the theoretical
maximum, the diffusion controlled rate constant, 1.1 × 1010 M1 s1 (Wojnárovits and Takács, 2013). It
is important to mention this fact because in a multicomponent solution (wastewater), the compounds
with high rate constants have higher probability to be destroyed. The rate constants with the free
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pyrimidine ring and with the isoxazole ring are smaller: 1.6 × 108 M1 s1 (Masuda et al., 1975) and
3.5 × 109 M1 s1, respectively (Dogan et al., 1990).
Since the preferred target of •OH is the benzene ring, hydroxylated aromatic molecules are expected to
dominate among the first products. The transient absorption spectrum observed in sulfaguanidine
solution was different from those of the other sulfonamides. In addition to the peak at 400 nm, two
more absorption bands appeared in the 300400 nm range. kOH was the largest for sulfaguanidine, 9.5
× 109 M–1 s–1. We assume that with this compound, beside reaction with the ring, OH attack on the
guanidine part also considerably contributes to the degradation.
3.2.

Separation and identification of products

The product identifications were mainly based on the MS peaks obtained after HPLC separation. In
case of sulphanilamide, at low absorbed dose only one peak was observed on the chromatogram with
molecular ion at m/z 195 and fragment ions at 173 156 and 108. This compound was identified as the
hydroxylated version of SAA. The hydroxycyclohexadienyl intermediate radical, and the new
absorption band in the traditional UV absorption spectrum around 290 support this view. With the
increase of the dose this product decayed quickly. The strong decrease in pH suggests disintegration of
the SAA molecule to smaller organic fragments (mainly acids) (Liu and Wang, 2013). The idea of first
hydroxylation and then gradual degradation to smaller fragments is also in agreement with the faster
decrease of COD than TOC at low doses.
3.3.

Changes of the sum parameters

Fig. 2 shows the changes in COD, TOC, TN and pH as a function of dose for sulfanilamide,
sulfacetamide and sulfadiazine solutions. The Insets exhibit the dose dependence of the UV absorption
spectra. In the dose range between 0 and 1 kGy, the characteristic aromatic UV * absorption peak
with max around 260270 nm gradually disappears. However, temporarily in all solutions a new
absorption band appears around 300 nm, which must be due to some products with altered benzene
ring. At low doses, in previously mentioned three solutions, there is a substantial drop in pH.
However, there is only a slight change of TOC and TN till 1 kGy, but after prolonged irradiation both
values considerably decrease. TN levels off at about 60% of the original value. The decrease of TOC
gradually slows down at higher doses. At the beginning COD decreases strongly, nearly linearly with
the dose. Above 2.5 kGy the decrease becomes slower. Such behaviour is consistent with the idea that
with the disintegration of aromatic rings under oxidative conditions different carboxylic acids form
decreasing the pH. These carboxylic acids are known to degrade slowly in OH reactions (low rate
coefficients around 108 M–1 s–1) (Homlok et al., 2013). Transformation of the S-content of molecules
to SO42– also strongly decreases pH (see later).
The initial slopes of the CODdose relations are in the 4.5  1037.6  103 mg O2 dm3 Gy1 (1.4 
1072.4  107 mol O2 dm3 Gy1) range (Table 1). In aerated solution with 1 Gy dose 2.8  107 mol
dm3 OH is introduced into the solution. This analysis also shows that at the beginning of the process
the number of O-atoms in the products is on average higher by 1.5 than in the starting molecules. The
value higher than 1 indicates that even at low doses, in addition phenols (1 O-atom building in), some
higher oxidized products also form. The high incorporation is attributed to reaction of organic radical
with dissolved O2 and the subsequent oxidation reactions (Homlok et al., 2013).
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FIGURE 3. Dose dependences of SO42, NH4+ and NO3 concentrations.
The nitrogen analyses gave much more diverse picture. First of all, the TN measurements always
resulted in 20% smaller nitrogen content than calculated based on the molar concentration and the
molecular formula. When these solutions were irradiated 3040% decrease in the N-content of the
solutions was found, showing that such amount of N went out from the solution, e.g. in the form of N 2
or it remained in the solution, but was undetectable with the standard TN method. With ion
chromatography NH4+ and NO3 ions were detected (Fig. 3b and 3c). NO2– was not observable at all,
similarly to the results of Goncalves et al. (2012) for SMX.
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The NH4+ concentration increased with the dose up to c.a. 2.5 kGy, and then levelled off at constant
values (Fig. 3a). The rise of the dose dependence curve, however, was slower than the degradation of
the starting sulphonamide molecules. This finding indicates that NH 4+ formation is a complex process
and it takes place through several internal steps. From the molecules investigated SAA and SCT have
2, SMX, STZ and SSZ 3, while SGD, SDZ and SMZ 4 N-atoms in their structure. For most of
solutions irradiated with high dose the NH4+ concentration is around 1  10–4 M, so only 1 N-atom is
transformed to NH4+. It is obvious to assume that this N atom is in the NH2 group attached to the ring.
In case of SAA solutions the NH4+ concentration at high dose is around 1.4  10–4 M, the NH2 group
attached to SO2 also has a tendency to transform to NH4+ during the radiolytic processes.
The kinetics of NO3 formation is completely different from that of NH4+ production. The NO3
concentrations in irradiated solutions are very low below 1 kGy. Although, the concentrations
considerably increase above this dose, even at the highest doses the concentrations of NO3 are much
lower than that of NH4+ (exception SCT). With most of molecules only 520% of the N-content
transforms to NO3. NO3 formation mainly occurs after the aromatic rings are destructed to smaller
fragments.
When we make a mass balance for nitrogen we have to take into account the NH 4+ and NO3 yields
and also the loss of nitrogen which is estimated from the decrease of TN upon irradiation. With these
three constituents for SAA we obtained perfect mass-balance. However, for all the other compounds
the balance showed 1030% deficit. It may happen that some N-containing products were not
detected. However, it should also be mentioned that the accuracy of TN measurements, especially at
such low values as analyzed here, is very low.
4.

Summary

The analytical techniques applied here allow following up and characterising the radiation induced
degradation of sulphonamide molecules in dilute aqueous solution. This degradation starting from the
intact molecules and going through many intermediate processes finally ends up with inorganic
species: H2O, CO2, SO42, NH4+ and NO3. SO32– or NO2 are not produced during degradation
probably due to the oxidative conditions. Although, qualitatively many details are understood, much
work is needed yet on the quantification, quantitative determination of the intermediate products and
improving the material balances.
As the main process the degradation starts with OH addition to the aromatic ring, the cyclohexadienyl
type radical thus formed reacts with dissolved oxygen transforming to peroxi radical. The peroxi
radical yields hydroxylated molecules by HO2 elimination, or it undergoes ring opening to aliphatic
compounds. The ring opening and fragmentation reactions go parallel. Based on COD, TOC, TN and
pH measurements the formation of inorganic ions is a multistep process, the molecules first are stepby-step oxidized and then mineralized.
Acknowledgement
The authors thank the Hungarian Science Foundation (NK 105802), and the International
Atomic Energy Agency (No. 16485) for support. The assistance of Éva Kovács-Széles and Kornél Fél
in ICP-MS experiments is greatly appreciated.

REFERENCES
Baran, W., Sochacka, J., Wardas, W. 2006. Toxicity and biodegradability of sulfonamides and
products of their photocatalytic degradation in aqueous solutions, Chemosphere 65, 12951299.
Baran, W., Adamek, E., Sobczak, A., Makowski, 2009. A. Photocatalytic degradation of sulfa drugs
with TiO2, Fe salts and TiO2/FeCl3 in aquatic environment-Kinetics and degradation pathway,
Appl. Catal. B: Environ. 90, 516525.
Behar, D., Behar, B. 1991. Pulse radiolysis studies of aminobenzenesulfonates: formation of cation
radicals, J. Phys. Chem. 95, 75527556.
Boreen, A.L. Arnold, W.A., McNeill, K. 2004. Photochemical fate of sulfa drugs in the aquatic
environment: sulfa drugs containing five-membered heterocyclic groups, Environ. Sci. Technol.
38, 39333940.
Boreen, A.L., Arnold, W.A., McNeill, K. 2005. Triplet-sensitized photodegradation of sulfa drugs
containing six-membered heterocyclic groups: identification of an SO 2 extrusion photoproduct,
Environ. Sci. Technol. 39, 36303638.
Dogan, I., Steenken, S., Schulte-Frohlinde, D., Icli, S. 1990. Electron spin resonance and pulse
radiolysis studies on the reaction of OH and SO4 with five-membered heterocyclic compounds in
aqueous solution, J. Phys. Chem. 94, 18871894.
Gajda-Schrantz, K., Arany, E., Illés, E., Szabó, E., Pap, Zs., Takács, E., Wojnárovits, 2013. L.
Advanced oxidation processes for ibuprofen removal and toxicological risk assessment of
degradation intermediates. Ibuprofen: Clinical Pharmacology, Medical Uses and Adverse Effects.
Editors, Wilton C. Carter and Brant R. Brown, Nova Science Publishers, pp. 152232. (ISBN: 9781-62618-659-0)
García-Galán, M.J., Díaz-Cruz, M.S., Barceló, D. 2008. Identification and determination of
metabolites and degradation products of sulfonamide antibiotics, Trends Anal. Chem. 27,
10081022.
Goncalves, A.G., Orfao, J.J.M., Pereira, M.F.R. 2012. Catalytic ozonation of sulphamethoxazole in the
presence of carbon materials: Catalytic performance and reaction pathways, J. Hazard. Mater
239240, 167174.
Guo, Z., Zhou, F., Zhao, Y., Zhang, C., Liu, F., Bao, C., Lin, M., 2012. Gamma irradiation-induced
sulfadiazine degradation and its removal mechanisms, Chem. Eng. J. 191, 256262.
Homlok, R., Takács, E., Wojnárovits, L. 2013. Degradation of organic molecules in advanced
oxidation processes: relation between chemical structure and degradability, Chemosphere 91,
383389.
Liu, Y., Hu, J., Wang, J. 2014. Fe2+ enhancing sulfamethazine degradation in aqueous solution by
gamma irradiation, Radiat. Phys. Chem. 96, 8187.
Liu, Y., Wang, J. 2013. Degradation of sulfamethazine by gamma irradiation in the presence of
hydrogen peroxide, J. Hazard. Mater. 250–251, 99105.
Masuda, T., Shinohara, H., Kondo, M. 1975. Reactions of hydroxyl radicals with nucleic acid bases
and the related compounds in gamma-irradiated aqueous solution, J. Radiat. Res. 16, 153161.
Mezyk, S.P., Neubauer, T.J., Cooper, W.J., Peller, J.R. 2007. Free-radical-induced oxidative and
reductive degradation of sulfa drugs in water: absolute kinetics and efficiencies of hydroxyl radical
and hydrated electron reactions, J. Phys. Chem. A 111, 90199024.
Olasehinde, E.F., Hasan, N., Adehuga, O.S., Hiraki, K., Sakugawa, H. 2013. Hydroxyl radical
mediated degradation of diuron in river water, J. Am. Sci. 9, 2934.
Phillips, G.O., Power, D.M., Sewart, M.C.G. 1973. Effects of -irradiation on sulphonamides, Radiat.
Res. 53, 204215.
Sabharwal, S., Kishore, K., Moorthy, P.N. 1994. Pulse radiolysis study of oxidation reactions of
sulphacetamide in aqueous solutions, Radiat. Phys. Chem. 44, 499506.
Sági, Gy., Csay, T., Pátzay, Gy., Csonka, E., Wojnárovits, L., Takács, E. 2014. Oxidative and
reductive degradation of sulfamethoxazole in aqueous solutions: decomposition efficiency and
toxicity assessment, J. Radioanal. Nucl. Chem. 301, 475-482.
Spinks, J.W.T., Woods, R.J. 1990. An Introduction to Radiation Chemistry, third ed., WileyInterscience, New York.

WORKING MATERIAL
Takács, E., Wojnárovits, L., Dajka, K. 2000. Kinetics of the early stages of high-energy radiation
initiated polymerization, Macromol. Chem. Phys. 201, 21702175.
Wojnárovits, L., Takács, E. 2013. Structure dependence of the rate coefficients of hydroxyl radical +
aromatic molecule reaction, Radiat. Phys. Chem. 87, 8287.

STATUS OF RADIATION CHEMISTRY STUDIES ON TREATMENT OF ORGANIC
POLLUTANTS IN WASTEWATERS IN JAPAN
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Quantum Beam Science Center, Japan Atomic Energy Agency, Takasaki, Japan

Abstract
Treatment of wastewater having estrogen activity was investigated using ionizing radiations. 17 -estradiol (E2),
female hormone, and p-nonylphenol mixtures (NPs), artificial chemical, were easily decomposed in pure water
by -ray irradiation. But it needs higher dose to eliminate estrogen activity in the sample solution than that to
decompose E2 and NPs since their primary products have estrogen activity. Real wastewater samples were
collected from river and have estrogen activities evaluated by the yeast two-hybrid assay based on human or
medaka estrogen receptors. The dose required for the elimination of estrogen activity of wastewater below
threshold concentration at 1 ng dm-3 was about 200 Gy (J kg-1). The dose for elimination of the estrogen activity
depended on the amounts of organic materials dissolved in wastewater. The economic cost of the electron beam
treatment process installed in downstream of present wastewater treatment system was estimated at 17 yen m -3.

OBJECTIVE OF THE RESEARCH
Trace amounts of organic pollutants such as endocrine disrupting chemicals (EDCs) are worldwidely spread in the water environment and mimic a natural hormone or disrupt endocrine system in
livings to give ill effects. The technology for treatment of wastewater having biological activities is
critical issue for environmental conservation. The objective of the research is to apply ionizing
radiations to the treatment of organic pollutants in the water environment as the advanced oxidation
technology.
5. INTRODUCTION
Water environment on the earth has also been polluted by many kinds of organic and inorganic toxic
and persistent chemicals released from industrial and domestic areas. Wastewaters have mostly been
treated by filtration and activated sludge treatment processes in Japan. The activated sludge system is,
however, often inadequate to absorb trace amounts of biologically harmful chemicals. Most of toxic
industrial chemicals have been screened by some toxicity tests such as a single dose oral toxicity test,
preliminary reproduction toxicity screening test and in vitro chromosomal aberration test. Some of
toxic chemicals mimic a natural hormone or disrupt endocrine system in livings to give ill effects, are
so-called endocrine disrupting chemicals (EDCs) [1]. For example, the male fishes in the Tokyo Bay
are exposed to estrogens and estrogenic substances, and the eggs are observed in these male testes [2].
Hormones are produced by various organs in our body and induce the biochemical reactions. For
example, woman’s ovaries release eggs and natural estrogens such as estrone, estradiol and estriol.
These female hormones travel in the bloodstream to the uterus and bind to the estrogen receptors to
produce chemical signals. The body has hundreds of different kinds of hormones and receptors, each
one designed for a particular kind of the chemical signals. Hormones and their corresponding
receptors fit together as a “lock and key” mechanism in the endocrine system. Estrogen activity is
defined as a degree of binding ability of chemicals with estrogen receptor.
17 -estradiol (E2: 1,3,5(10)-estratriene-3,17-diol) is the female hormone made in our body and
usually does not induce a problem. But by taking some amount of the female hormone when the
person himself does not wish, the hormone balance is destroyed, and an obstacle to human bodies is
caused. E2 released in the water-environment draws much attention as one of EDCs because it has the
highest estrogen activity in all chemicals [3,4]. Alkylphenols, 2,2-bis(4-hydroxyphenyl)propane
(Bisphenol A), diethylstilbestrol (DES) and dichloro-diphenyl-trichloroethane (DDT) also bind to the
receptor and disrupt hormone balance [1]. 1,1-dichloro-2,2-bis(p-chlorophenyl)ethylene (DDE) and
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dioxins bind to another receptors, however, and consequently prevent natural hormones from binding
to the hormone receptor. Endocrine disrupting property appears in the range of EDCs concentration
from 10-9 to 10-6 g dm-3 [3].
Treatment of trace amount of EDCs already released into the water-environment has been attempted
using present commercial activated sludge systems, but these systems are insufficient to eliminate
them. Therefore, advanced oxidation technologies such as ozolysis, ozone-UV system, ozonehydrogen peroxide system, photocatalytic processes and radiolysis have been actively studied to
achieve complete elimination of persistent organic compounds [5-11]. However, these technologies
were not applied to the commercial plant so far.
E2 and NPs were decomposed in water and their estrogen activities were eliminated by -ray
irradiation. Real wastewater samples were collected from river and their estrogen activities were
analyzed by the yeast two-hybrid assay, which can estimate estrogen activities using human estrogen
receptor (hER) and medaka estrogen receptor (mER). The dose required for the elimination of
estrogen activity of the wastewater below 1 ng dm-3, the lower limit concentration of appearance of
endocrine disrupting property, was about 200 Gy (J kg-1). The elimination dose of the estrogen activity
depended on the amounts of total organic carbons dissolved in wastewater. The economic cost of the
treatment process of wastewater using electron beam set in the downstream of present wastewater
treatment plant was estimated at 17 yen m-3.

6. MATERIALS AND METHODS
2.1. Sample Preparation
17 -estradiol (E2) was obtained from Takeda Chemical Industries, Ltd., Japan. p-Nonylphenol
mixture (NPs) consisting of isomers with branched side chains (Tokyo Chemical Industry) was used as
commercially available p-nonylphenol reagent. Phenol (Wako Pure Chemical Industries, Ltd.,
>99.0%) was used without further purification as a reference material to evaluate the rate constant of
the reaction of hydroxyl radicals with E2 or NPs. Water was purified by the ULTRA-PURE WATER
SYSTEM (MILLIPORE) to that of 18.2-M cm electric conductivity. Methanol (for HPLC Analysis,
Wako) was used as organic eluent for HPLC analyses. For the study on the decompositions of E2 by
60
Co -ray irradiation, aqueous E2 solutions were prepared at the different concentrations of 1.8, 0.74,
and 0.18 nmol dm-3. Aqueous NPs sample solutions were prepared at the concentration of 0.045 to 20
mol dm-3. The aqueous E2 or NPs solutions were saturated with air, He, O2, or N2O to investigate the
effect of gas in the solution. Concentration of dissolved oxygen in the sample solutions was measured
using a pH / DO meter (D-25, HORIBA).
Real wastewater samples were obtained from the three different secondary effluents of water treatment
plants with the activate sludge system. Each sample at 0.1 dm3 was used after filtration with a paper
(Whatman) to remove insoluble contaminants. A model wastewater, which has no estrogen activity, of
pH value at 7.45 and the amount of TOC at 20.3 mg dm-3, was collected at an effluent of a water
treatment facility.
The -ray irradiations were carried out at 298 K using three different 60Co -ray sources at JAEA,
Takasaki, in the range of the doses from 1 to 5,000 Gy. Dosimetry was carried out with alanine
dosimeter.
2.2 Analysis
An HPLC (Agilent 1100 series) with a reversed phase column (Shodex RSpak DE-613 and Inertsil
C8-3 GL Sciences) at 313 K was used for analyses of E2 and NPs solutions before and after -ray
irradiation. Water with methanol (Wako Pure Chemical Industries, Ltd. >99.7 wt% for HPLC solvent)
was used as an eluent, and its flow rate was controlled at 1.0 × 10-3 dm3 min-1. Aqueous E2 solution at
1.8-nmol dm-3 concentration was analyzed by a Liquid Chromatography-Mass Spectrometric (LC-MS)
system (JEOL, JMS-LC mate) with the column switching method for condensing E2 beyond detection

limit of the MS. Fig. 1 shows the chromatographic conditions for the column switching methodology
in detail. The irradiated solutions were injected twice for 5 × 10-4 dm3 each, and condensed within a
reversed phase column (GL Science, Inertsil ODS-2) in the condensation mode. Purified water was
used as an eluent, and its flow rate was 1.0 × 10 -3 dm3 min-1. The six-port valve switched from the
condensation mode to the analysis mode. The eluent was then graded from 0 to 100% methanol at a
linear gradient in 60 min. The condensed samples were extracted, and transferred to a reversed phase
column (Shodex, RSpak DE-613). All the eluted compounds were allowed to flow into the mass
spectrometer. An atmospheric pressure chemical ionization (APCI) ion source in the negative mode
was selected for mass-spectrometry. Amount of the total organic carbon (TOC) and pH value were
measured by a TOC analyzer (Shimadzu, TOC-Vwp) and pH / DO meter (D-25, HORIBA),
respectively.

2. Analysis
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The estrogen activities of the above-mentioned aqueous E2 solutions before and after -ray irradiation
were estimated as the E2 equivalent concentration using a 17 -estradiol ELISA (enzyme-linked
immuno-sorbent assay) Kit (Takeda Chemical Industries, Ltd.). E2 solution with the initial
concentration lower than 0.18 nmol dm-3 was condensed for the measurements. The C-18 bonded
cartridge was washed with methanol and subsequently with pure water. The irradiated aqueous E2
solution was passed through the cartridge. The cartridge containing E2 was washed with pure water
and hexane in turn. E2 was then eluted with 5 × 10-3 dm3 dichloromethane. The effluents were
completely evaporated to dryness with a gentle stream of N 2 gas and dissolved into 1.0 × 10-4 dm3 of
10% (v/v) aqueous methanol solution. E2 was mixed with solution of a hapten-protein conjugate and
infused into a cell, which has monoclonal antibodies on inside-wall. After incubation at room
temperature for 1 h, the cell is rinsed with a washing reagent for three times, and filled with a colour
reagent (aqueous solution mixed citrate salt, phosphorate salt, hydrogen peroxide and 3,3’,5,5’tetramethylbenzidine). Absorbance of the E2 solutions after the colouring reaction is measured using a
micro plate reader (Bio-Rad Model 550) at 450 nm.
The estrogen activities of NPs solution were measured by the yeast two-hybrid assay using yeast cells
(Saccharomyces cervisiae Y190) into which the human estrogen receptor ER and the coactivator
TIF2 had been introduced. Aqueous NPs solutions were used after dilution so as not to change the
characteristics of the modified Sabouraud’s dextrose (SD) medium (lacking tryptophan and leucine).
Aliquots of test solutions were incubated (303 K, 4 h) with the yeast cells that had been pre-incubated
(303 K, overnight) in the modified SD medium. A mixed solution inducing a chemiluminescence
(AURORATM GAL-XE, MP Biomedicals), an enzymatic digestion (Zymolyase 20T, SEIKAGAKU
CORPORATION), and a light emission accelerator (AURORATM GAL-XE, MP Biomedicals) were
added in this order to the test solutions. The chemiluminescence of -galactosidase produced by
binding of sample with estrogen receptor was measured with a luminometer (LUMINESCENCE
READER BLR-301, Aloka).
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The biological activity of the real wastewater was evaluated by the yeast two hybrid assay and ELISA.
The real wastewaters before and after -ray irradiation were prepared at the pH value of about 3.5 by
adding hydrochloric acid and extracted with solid phase column (Waters, Sep-Pak plus PS-2). The
samples were eluted with acetone (for RP, PCB Anal., Kanto Chemical Co., Inc.). The eluents were
evaporated to dryness with a gentle stream of nitrogen, and reconstituted by addition of borate buffer
solution of the pH value of 9.0. The solutions were extracted 2 times with 3×10-3 dm3 of ethylacetate
(for RP, PCB Anal., Kanto Chemical Co., Inc.). The extracted solutions were purged with nitrogen gas,
and were added to 6×10-6 dm3 of dimethylsulfoxide (for Biochem., Wako) and 1.44×10-4 dm3 of MSD
medium. The estrogen activities of the solutions were measured by the yeast two-hybrid assay with
human estrogen receptor (hER) or medaka estrogen receptor (mER. Detailed procedure of the
assay was described elsewhere [12].
7. RESULTS AND DISCUSSION

3.1.

Treatment of wastewater with natural endocrine disrupting chemicals

E2 concentration in water was estimated from the area of the relevant peaks in the chromatograms
recorded by the LC-MS system before and after irradiations. As shown in Figure 2, the concentration
of E2 decreased exponentially with an increase in the dose. The concentration of E2 decreased less
than 0.05 nM at a dose of 10 Gy when the initial concentrations of E2 are 1.8 nM or lower in water.
This concentration is known as the upper threshold level not showing any effect on the environmental
ecology [3, 13]
The decrease in the estrogen activity of the sample solutions after the irradiation must be also
confirmed. The estrogen activities (E2-equivalent concentration) of sample solution before and after
irradiations were evaluated by ELISA. This method indicates only the concentration measured as the
total estrogen activity of chemicals in sample solution but the real E2 concentration. So when the
irradiation products have estrogen activity, the E2-equivalent concentration must be higher than the
real E2 concentration. By comparing the decomposition curves in Figure 2, the E2 and E2-equivalent
concentrations are not obviously in agreement indicating that the primary products from E2 by -ray
irradiation have the estrogen activity. These products are assigned as OH-adducts of E2 from LC-MS
measurement and are further decomposed by additional irradiations. Degradation behaviour of E2 in
the air-saturated solution was almost the same as that in the absence of O2 by He-gas bubbling. But the
degradation yield of E2 concentration was obtained in the presence of N 2O gas in the aqueous solution.
This increase in decomposition is due to the conversion of the hydrated electrons into OH radicals by
the following reaction [14-16]:
N2O  e- 
-

H2O




OH  OH-  N2 .

(1)

-

where e and OH, OH are hydrated electron and hydroxyl radical, hydroxyl anion, respectively. The
yield of OH radicals in the N2O-saturated aqueous solution becomes about twice (G (OH)+G (e-) =
5.6) of that in the He-saturated aqueous solution (G (OH) = 2.8) [17]. Therefore, E2 is considered to
be decomposed by OH radicals.
The concentrations of E2 is 1.8 nmol dm-3 and that of OH radicals produced is estimated to be 290
nmol dm-3 at 1 Gy from G (OH). Because the concentration of OH radicals is sufficiently high as
compared with that of E2, the concentration of OH radicals can be regarded as constant during the
irradiation, and the degradation behaviour of E2 should be expressed by an exponential curve as the
function of the dose as shown in Figure 2.
Decomposition yield of E2 has no temperature dependence from 0 to 75 ℃ during irradiation. The Gvalue of OH radical slightly increases with temperature from 2.8 at 2 ℃ to 3.13 at 65 ℃ [17]. As
mentioned above, a sufficient amount of OH radicals was produced at room temperature. A small
increment of OH radical will not influence the E2 decomposition.
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FIG 2. Decrease in concentration and estrogen activity of water containing E2 by -ray
irradiation.
Ionizing radiations decompose water molecules to produce reactive species, for example, OH radical,
hydrogen atom, and hydrated electron , and their yields are 2.8, 0.6, and 2.7, respectively [18,19]. Here,
OH radicals, strong oxidative species, rapidly attack to benzene ring of phenol with rate constants of
kPhenol = 6.6×109 mol dm-3 s-1 [20], but hydrated electron e- and hydrogen atom have smaller rate
constants with phenol (ke- = 2×107 mol dm-3 s-1 and kH = 1.7×109 mol dm-3 s-1 ) [21]. Reaction
probabilities of reactive species with phenol are estimated from products of their yields and rate
constants. Therefore, more than 95 % of phenol molecules were decomposed by OH radicals. E2 has
the similar molecular structure of phenol, and OH radicals would attack mainly the phenyl ring of E2.
The rate constant of E2 with OH radicals was estimated by a competition reaction method using
phenol as standard. Here, both compounds may react only with OH radicals:
E2  OH

Phenol  OH

kE2



Product 1

k Phenol




Product 2

(2)
(3)

where kE2 and kphenol are the rate constants of OH radicals reaction with E2 and phenol, respectively.
The percentage of OH radicals reacting with E2 among the total OH radicals should be related to the
rate constants with solutes under the same concentration of E2 and phenol. When dose rate (DR) is
constant, kE2 can be evaluated from the ratio of decomposition yield of E2 and phenol:
d[E2] d[Phenol]
/
 k E 2 [E2][OH] / k Phenol[Phenol][OH]
d[Dose] d[Dose]

(4)

Figure 3 shows the decomposition of E2 and phenol at the 1-M initial concentration by -ray
irradiation. E2 was readily decomposed as compared with phenol. The ratio of the decomposition
yield of E2 to that of phenol was obtained to be 2.44 from the slope of the concentration reduction.
kE2 was estimated to be 1.6×1010 mol dm-3 s-1 since kPhenol is known to be 6.6x109 mol dm-3 s-1 [20].
This rate constant is used for the treatment of real wastewater having estrogen activity as stated below.
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FIG 3. Decompisition of phenol and E2 in water by -ray irradiation..
3.2.

Treatment of wastewater containing artificial endocrine disrupting chemicals

NPs is artificial compound released from factories and has estrogen activity. Concentration of NPs in
water decreased exponentially with absorbed dose of -rays as shown in Figure 4. NPs was
decomposed by OH radicals as the same as E2. Two products having molecular weight of 236 were
detected by LC-MS measurement. The products are considered to be p-nonylcatechol and 1-(phydroxyphenyl)-1-nonanol on the basis of the oxidation mechanism of p-cresol and 4-ethylphenol.
Estrogen activity of aqueous NPs solution at 20-mol dm-3 initial concentration was estimated by the
yeast two-hybrid assay, and decreased gradually with dose. The difference in the concentration and
estrtogen activity after -ray irradiation could be explained dut to primary products having estrogen
activity as the treatment of E2. The irradiation products having molecular weight of 236 were extrated
and have much higher estrogen activity than other irradiation products of the NPs solution. The
estrogen activity of aqueous NPs solution was eliminated at 5000 Gy.
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FIG 4. Decrease in concentration and estrogen activity of water containing NPs.
3.3.

Treatment of real wastewater having estrogen activities

E2 and NPs were easily decomposed in pure water by -ray irradiation as stated above but their
primary products have also estrogen activity. So evaluation of estrogen activity of wastewater after
treatment by -rays is of importance. The real wastewater samples were collected from river and
analyzed by the yeast two-hybrid assay, ELISA, TOC and pH measurements before treatment as
shown in Table 1. hEA and mEA are the estrogen activity evaluated using human estrogen receptor
(hER) and medaka estrogen receptor (mER), respectively. Estrogen activities (hEA) using hER is
considered from the natural EDCs dissolved in wastewater and estrogen activity (mEA) using (mER)
is from both natural and artificial EDCs in wastewater. The E2 equivalent concentration estimated by
ELISA with E2 antibody which selectively reacts with E2 was used to confirm the value of hEA. The
hEA and the E2 equivalent concentration of sample 1 were 0.5 and 0.8 ng dm -3, which are lower than
the mEA of 8.3 ng dm-3. Little natural estrogenic compounds, therefore, are included in sample 1. The
hEA of sample 2 was estimated at 0.4 ng dm-3 but the E2 equivalent concentration was higher (2.8 ng
dm-3), considering that the hER would be affected by other compounds, for example antagonists, to
suppress the cross reaction. The mEA (3.1 ng dm-3) of sample 2 was higher than the hEA, and the
estrogen activity comes from the artificial chemicals. Sample 3 has 5.1 ng dm-3 of the hEA and 3.3 ng
dm-3 of the E2 equivalent concentration before irradiation, and the difference between the hEA and E2
equivalent concentration derives from estrogen activities of estrogenic compounds except E2.
Estrogen activity of sample 3 partly comes from the natural estrogenic compounds.
The estrogen activity at 1 ng dm-3 is the highest limit of appearance of endocrine disrupting property
on aquatic organisms. Estrogen activity of the wastewater is required to decrease to less than the
highest limit. Estrogen activities of the real wastewaters changed/decreased by -ray irradiation are
shown in Figure 5. The doses for decrease in mEA of sample 1 to 3 below 1 ng dm -3, D1ng, were
estimated at 100, 200 and 150 Gy, respectively. The D1ng of sample 2 were estimated by an
extrapolation of the decomposition curves of mEA. Since the D1ng of E2 at 1.8 nmol dm-3 (491 ng dm3
) in pure water is estimated at 5 Gy in a previous work [22], elimination of estrogen activity of the
real wastewater is considered to be interfered by dissolved organic impurities. mEA initially increased
and then decreased by the irradiation, indicating that decomposition products in the real wastewaters
also have the estrogen activity.

TABLE 1. Estrogen activities of real river water sample
Estrogen activity ( ng dm-3) E2 equivalent conc.
(ng dm-3)
hEA
mEA

0.5
0.4
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8.3 (7.8)
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11.3 (6.2)
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FIG 5. Treatment of real wastewaters by -rays.
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3.4.

Simulation of decrease in estrogen activity

EDCs was decomposed by OH radicals as stated above [22,23].
k1


EDCs  OH

k2


Product 1st  OH

(5)

Product Pri

(6)

Product Sec

Some primary products have extrogen activity but secondary products by irradiation do not have. Here,
decomposition of EDCs by OH radicals was interfered by the organic compounds dissolved in
wastewater. Organic compounds (OC) having no estrogen activity in wastewater also reacts with OH
radicals:
OC  OH

k3


(7)

Products

These reactions competitively occur and the rate of elimination of EDCs is given as follows,


GOH
k1[EDCs]
d [EDCs]

19
d [Dose] 100 1.6 10  N a k1[EDCs]  k 2 [ProductPri ]  k3 [OC]

(8)

where G(OH), and Na are G-value of OH radical and Avogadro’s number, respectively. The k1, k2 and
k3 are considered to be about 107~1010 mol-1 dm3 s-1, and the concentration of OC was measured by
TOC analyser.
The estrogen activity of the real wastewater, EA, will be presented as follows:
EA  CR1[EDCs]  CR2 [ProductPri ]

(9)

where CR is the cross reactivity of the EDCs with the estrogen receptors.

Estrogen activity （ng dm-3)

The k1 is set at 1.6×1010 mol-1 dm3 s-1, which is the rate constant of E2 with OH radicals evaluated by
the competition reaction method with phenol as stated above. This value is the diffusion controlled
limit of aromatic compounds with OH radicals [24,25]. We consider that Product1st has the same rate
constant, because Savel’eva et al., suggest the rate constant of aromatic compounds with OH radicals
increases with OH-addition [26]. The CR1 and CR2 for mEA are determined to be 1.0×10-4 and
2.0×10-4 being constituent with the fact that the irradiation products from NPs would have higher
estrogen activity than the NPs [23]. The CR1 and CR2 for hEA is set at 1 and 0.1 since estrogen
activity of the irradiation products would be less than that of E2, which shows one of the highest
estrogen activity in the chemicals. Dose dependences of hEA and mEA of the real wastewater are
calculated with equations (9) by FACSIMILE for Windows (Version 2.0104, AEA Technology plc) as
shown in FIG. 6. Simulation results are aproximately agreement with experimental results.
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FIG 6. Decrease in concentration and estrogen activity of real wastewater by -rays.

3.5.

Cost estimation

The initial investment and running cost of wastewater treatment system with electron beam accelelator
was estimated on the basis of the results of the decomposition of EDCs in wastewater by -ray
irradiation. Here, it is considered that irradiation effects of -rays and electron beam on treatment of
wastewater are the same. The electron beam is more suitable application usage for wastewater
treatment. The estrogen activity of wastewater by electron beam should be sufficiently eliminated at
the dose of about 200 Gy. The treatment plants typically treat wastewater at the volume of 10,000 m3
day-1 in Japan. Electron beam acclecelator would be installed just before discharging treated water.
The irradiation is carried out under continuous flow condition, and the wastewater is supplied with the
jet nozzle as a thin layer [27, 28]. The electron beam accelerator needs an output-power at 280 kW, for
example 5 MeV, 56 mA. The initial investment is set at about 600 million yen (15 yen m-3), which is
the sum of the cost of the electron beam accelerator having the endurance life of 15 years and the
personnel costs. The consumption of the electric power for an operation of the electron beam
accelerator is estimated to be 2 yen m-3, and the total running cost for the plant is estimated to be 17
yen m-3 in Japan. The charges of the present treatment plants in Japan were set in the range of 30 to
140 yen m-3, the electron beam treatment system is considered to have the potentiality of the
attachment to the treatment plants.
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Abstract
Ionizing radiations produce oxidative and reductive species from water molecules, and decompose,
destruct or aggregate many kinds of emerging organic pollutants in wastewaters. Electron beam
technology can be properly applied to various wastewaters including the pollutants for pre- and posttreatments of present conventional systems. Mobile electron beam irradiation system has a potential
for field applications. Application of the radiation technology for treatment of wastewaters is
remarkably expected into the commercial plant.

1. INTRODUCTION
The pollutions of hazardous organic and inorganic compounds to the water environment including
rivers, lakes and seas are world widely recognized as important social problem through pollutions by
chlorine herbicides in 1950's and by polychlorobiphenyls and dioxins in 1990's.
Generally, water filtering plant and wastewater treatment plants adopt a physical filtration, a
precipitation processing, a chemical processing with chlorine-based disinfectant, and a biological
processing with microorganisms for removing hazardous organic compounds. But it is a critical issue
in recent years that organic pollutants, for example, trihalomethane, endocrine disrupting chemicals,
and medical drugs, are difficult to be removed by usual water treatment processing method. To
remove these persistent pollutants, the water treatment plants need to install advanced oxidation
process in the upper- or down-stream of the present system. Electron beam treatment process has a
disadvantage compared with the existence processing method, such as ozone and UV irradiation
method, because there is a regulation for an installation. Electron beam treatment process, however,
has some attractive characteristics. It can produce reactive species quantitatively into waters at room
temperature without any chemicals and catalysts. The penetration depth of water for treatment is
decided by the energy of the electron beam and not by the color and concentration of organic
compounds, which become a problem for UV photolysis. Recently, there is other direction that
electron beam is mainly used for partial oxidation of pollutant to assist the biodegradation rather than
complete degradation.
Ionizing radiations produce reactive species, such as hydroxyl (OH) radicals, hydrogen (H) and
hydrated electron (e-aq),

H 2O

  
  

 e -aq , H , OH , H 2 , H 2 O 2 , H 
(G  2.7) (0.6) (2.8) (0.45) (0.7)

(1)

(2.7)

The yields (number of produced molecules per 100 eV absorbed energy) of these species are
expressed in parentheses. And OH radicals mainly oxidize organic pollutants and H and e-aq reduce
organic and inorganic pollutants. Waters are treated by using the oxidation and reductions by them.
Detail information is shown below.
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2. CHEMICAL REACTIONS INDUCED IN WATER BY RADIATIONS
The radiolysis of water and aqueous solutions are described elsewhere [1,2,3]. Water molecules
receive kinetic energy of ionizing radiations to be induced excitation and ionization at 10 -16 to 10-13 s
time scale as shown in Figure 1. Excited water molecule de-excites to molecule on the ground state or
decompose to H and OH radicals at 10-13 s. H2O+ reacts with neighbour water molecule to form H3O+
and OH radicals. Distributions of them are heterogeneous, and their aggregated region is called spur.
Formation yields of these reactive species are called primary yield (G-value). The reactive species
diffuse and react with solute or each other in time and their distributions become homogeneous. OH
radical is strong oxidative species, and its oxidative potential is 2.8 eV. H and e -aq are strong reductive
species and their reduction potentials are 2.31 and 2.77 eV, respectively.
The radiation technology mainly using electron beam is applied for the environmental conservation
[4,3,5]. Emerging organic pollutants are treated by chemical reactions, oxidation, reduction and
aggregation, with the reactive species.

FIG 1. Physical and physicochemical processes water decomposition by radiation.

3. RADIATION TREATMENT OF EMERGING ORGANIC POLLUTANTS IN WATER
Organic pollutants including dyes, pharmaceuticals, antibiotics, polymers, resins, and detergent, in
wastewaters are decomposed by ionizing radiations [6,7,8,9,10,11,2]. Many kinds of materials and
compounds are used in industries and discharged as industrial effluents. Organic compounds are
source of problems of environmental pollutions and induce troubles in human health, animals and
plants. Phenolic aromatic compounds, dyes and polymeric compounds are not efficiently removed by
conventional processes, but are decomposed easily by electron beam irradiation. Electron beam
technology does not need any additives and pH control.
Abe et al. [12] conducted decomposition of phenolic endocrine disrupting chemicals, bispnenol-A,
butylphenol and phenol, with widely used potassium permanganate, KMnO 4, and -rays. On the basis
of the oxidation electron number, -rays showed the better decomposition efficiency compared with
potassium permanganate.
Recently environmental influence assessment focused on pharmaceuticals in surface waters.
Antibiotics are released from human and domestic animals and detected in activated sludge in the
range of 28-68 g kg-1 of dry weight [13]. Sulfamethazine (SMT) at 10 mg L-1 was removed from
sludge mixture at the yield of 98% by 2.5 kGy irradiation. Degradation kinetics of SMT follows the
pseudo first-order reaction in pure water. Degradation kinetics of SMT in the sludge mixture are very

complex but SMT is considered to be released from the manure into the water and decomposed by OH
radicals.
Biological activities of treated wastewaters were evaluated by a colony formation efficiency or using a
luminescence bacteria. The removal efficiency of the biological activity, toxicity, depends on the
initial concentration of compounds and on the origin of the sampling. The activity generally decreased
with an increasing dose but in some case once increased and then decreased by the effects of
irradiation products, for example hydrogen peroxide [11] or more active secondary products [14].

FIG 2. Removal of phenolic endocrine disrupting chemicals by KMnO4 and -rays.
Some pharmaceuticals and chemicals have chlorine in their molecular structures, and are toxic and
carcinogenic. They are persistent against the conventional wastewater treatment methods [1, 15]. OH
radical attacks on their aromatic ring and double/triple bonds to oxidize and decompose. And also e -aq
attacks chlorine, and chlorine anion is released through dissociative electron attachment reaction
[16,17,18,19,9]. It would be worth noting that ionizing radiation is the most promising technology for
treatment of groundwater containing perchloroethylene (PCE), trichloroethylene and
tetrachloroethylene. PCE was decomposed by mainly oxidation with OH radicals, which have a higher
rate constant, and their decomposition efficiencies were enhanced by the dissolved oxygen, and
suppressed by HCO3- and NO3- ions. Note that PCE was also decomposed by e-aq.

4. COMBINATION PROCESS WITH CONVENTIONAL METHOD
4.1 PRE-TREATMENT
Ionizing radiations can decompose persistent organic compounds against conventional methods and
are used for direct treatments of wastewaters including organic pollutants. On the other hand, radiation
technology could be installed into present wastewater treatment systems and assist conventional
processes.
Electron beam accelerator (1 MeV) was installed in dyeing complex in Taegu/Korea [20]. A part of
wastewater (1000 m3 day-1) was withdraw and treated with electron beam and then by conventional
methods. TOC (total organic carbon), COD (chemical oxygen demand) and BOD (biochemical
oxygen demand) values decreased only by physical and biological treatments. Their decrease rates
drastically increased by adding electron beam process in the upper stream of physical and biological
processes. Dyes in the wastewater were changed by irradiation at 1-2 kGy to lower molecular weight
or higher hydrophilicity, and easily decomposed by bacteria. And treatment time reduced from 17 h to
8 h by combining electron beam process. Electron beam was also used with the conventional method
for a domestic wastewater [21], a textile wastewater [22], an industrial effluent [23], and a drinking
water [24] treatments.
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Radiation technology is used for treatment of lignin and humic acid in water comes from bogs. Lignin
and humic acid make micelles and dispersed in water. The shell of micelle has negative charge.
Ionizing radiation produced reactive species having positive charge, H +, or neutral OH and HO2, and
reduce the negative charge on the shell to promote the aggregation of dispersed micelles [25]. This
technique is also used for natural waters and industrial wastewaters including ultra-dispersed organic
compounds [26, 27].
4.2 POST-TREATMENT
Pharmaceuticals and drugs are discharged from human and domestic animals and treated by
conventional processes. Some of them persistent, and are released into rivers. Their concentrations are
very low but strongly biologically active. It is, however, difficult to regulate them releasing to the
water environment up to now because their discharge sources are human and domestic animals.
Ionizing radiation can be used also for post-treatment as shown in Fig. 3. Aspirin, osemirtamivir and
ibprofen are decomposed by activated sludge within 4 h, which is a normally applied treatment time in
the present treatment plant. However, mefenamic acid, ketoprofen, carbamazepine, diclofenac and
clofibric acid, remained even after the biological treatment. If TOC value of wastewater is high, it
needs higher dose for decomposition of target pollutants because dissolved organic compounds
scavenge OH radicals. Kimura et al. [15] made the simulation of decreases in the concentrations of the
pharmaceuticals in wastewaters at the different TOC values. Required dose for the treatment of
carbamazepine in wastewaters before biodegradation at the amount of TOC of 300 mgC L -1 was
calculated by the simulation to be 2000 Gy. But the required dose becomes 500 Gy for wastewater at
TOC value of 50 mgC L-1 after biodegradation. The activated sludge system would be reduced the
amount of TOC in wastewater, and was considered to support the treatment of persistent
pharmaceuticals by ionizing radiations. Electron beam systems (1 and 5 MeV) were also installed in
papermill factory [28]. COD and TOC values decreased below 25 ppm in combination of the
conventional process (coagulation and flocculation and biological treatment) and electron beam
process. Recirculation rate of wastewater increased from 20-30% to 70-80%. Jung et al. [29] treated
the secondary effluent from a sewage treatment plant for reuse. BOD, COD, TOC and color were
removed at 85, 64, 34 and 88%, respectively, at a dose of 15 kGy. And microorganisms were
completely disinfected.

FIG 3. Concept of post-treatment system with electron beam.
For industrial usage of ionizing radiations to wastewater treatment, electron beam is more practical.
When electron beam has energy at 10 MeV, penetration range of electron is 50 mm. So one can use it
directly to decompose persistent organic pollutants. Otherwise, a pumping system for making a thin
layer or fountain of effluent is required for electron beam having energy at 1-2 MeV [3,30].

Table 1 shows characteristics of water treatment technologies. Activated sludge process is widely used
in the present commercial treatment plants but has disadvantages, for example, required a temperature

control, a long reaction time and not decompose solutes at low concentrations. So it needs a secondary
treatment process. Adsorption also needs the secondary treatment process. Ozolysis, UV irradiation,
discharge and ionizing radiation are applicable as the secondary treatment process as called advanced
oxidation technology. The three formers need relatively long reaction time and difficult to treat the
low concentration solutes. Vice versa ionizing radiation is a fast process and decomposes solutes at the
low concentration.

TABLE 1. Comparison of advanced treatment method.

5. FIELD APPLICATION – MOBILE ELECTRON BEAM IRRADIATION SYSTEMWhen the discharge source of polluted wastewater is fixed and its volume is large, electron beam with
high energy is profitable. But when surface water, for example small pond, pool, water hole, or ground
water are contaminated with organic pollutants, mobile type electron beam irradiation system is useful
because it can be processed at a site [2]. Mobile and self-shielded type electron beam accelerator at the
energy of 500 keV and current of 40 mA was developed in Germany. Wastewaters flowed at 150 L
min-1 maximum, and dose can be controlled up to 20 kGy by changing the flow rate and beam current.
Feasibility experiments were conducted for 54 wastewaters in 30 sites. Groundwaters were
contaminated with chlorobenzene, hexachlorocyclohexane, chlorinated ethanes and others. The
mobile electron beam system was operated for four weeks period and remove the pollutants at the
efficiency above 95%. Wastewater contaminated with phenol and organic peroxides from chemical
companies was also treated. 99.6% phenol was decomposed and COD decreased at 61.5%.
Wastewater from pesticide and insecticide factory includs lindane and other byproducts. The
pollutants were effectively destructed at the efficiently above 99.9%.
As stated above, the radiation technology for the treatment of wastewater using electron beam is
making remarkable progress day by day. Application of the radiation technology into the commercial
plant is expected.
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STATUS OF RADIATION CHEMISTRY STUDIES ON TREATMENT OF ORGANIC
POLLUTANTS IN WATER/WASTE WATER IN POLAND AND POSSIBILITY OF
RADIATION TECHNOLOGY TO TREAT EMERGING ORGANIC POLLUTANTS
YONGXIA SUN, A.G.CHMIELEWSKI
Institute of Nuclear Chemistry and Technology, Dorodna 16, 03-195 Warsaw, Poland
Abstract
6.
Ionizing radiation induced degradations of pesticide chlorfevinphos, fungicide carbendazim,
herbicides, such as 4-chloro-2–methylphenoxcyacetic acid (MCPA), 2,4-dichlorophenoxyacetic acid (2,4-D),
dicamba, chlorophenol 2,4-dichlorophenol (2,4-DCP), and emerging organic pollutants: pharmaceutical
compound diclofenac (DCF) ; perfluorooctanoic acid (PFOA), were investigated in aqueous solutions or
pharmaceutical industrial waste. Their concentration and radiolytic products were identified and measured by
UV-Vis spectrophotometry, HPLC combined with mass detector, diode-array detector or fluorescent detector
RF-10Ax1, total organic carbon was measured by TOC analyzer. Vibrio fischeri toxicity measurements and
daphatoxkit test were used to measure the total toxicity of the irradiated solution. Hydroxyl radicals were shown
to degrade these molecules (except PFOA) readily, first degradation products were hydroxylated derivatives in
all cases. Microtox toxicity showed that the toxicity of the irradiated solution first increased and then decreased
with the absorbed dose. With prolonged irradiation complete mineralization of PFOA was achieved.
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OBJECTIVE OF THE RESEARCH
The objective of this work was to review the status of radiation chemistry studies on treatment
of organic pollutants in water/waste water in Poland and discuss the possibility of radiation
technology to treat emerging organic pollutants in aqueous solution.
7.1. INTRODUCTION
Pesticide chlorfevinphos, fungicide carbendazim,
herbicides, such as
4-chloro-2–
methylphenoxcyacetic acid (MCPA), 2,4-dichlorophenoxyacetic acid (2,4-D), dicamba are widely
used in agriculture, they were detected in surface water and effluent of waste water treatment
plants(WWTPs). Waste water from pharmaceutical factories, hospital and old people house are the
major source of pharmaceuticals in the aquatic environment. Some of them are still remain (up to µg
/L ) in effluent of waste water treatment plants (WWTPs) and enter into aqua-system. Many countries
reported pharmaceutical residues in surface water, ground water and river. For eg., diclofenac (DCF),
non-steroidal anti-inflammarory drug, its concentration in surface water and effluents was 1.2 µg/L
and 2.1 µg/L, respectively. Although concentrations of pharmaceutical residues are not so high in
surface water, ground water and river, but ng/L endocrine disruptor (contraceptive pills) cause
feminization of wild life male fish in vitro field.
Perfluoroalkyl compounds are man-made chemicals They are widely used as a surface-active
agent and in variety of products, such as fire fighting foams, coating additives and cleaning products.
They does not hydrolyze, photolyze or biodegrade under environmental conditions.
Perfluorooctanesulfonate (PFOS) and perfluorooctanoate (PFOA) are extremely persistent in the
environment. They have the potential to bioaccumulate and biomagnify in wildlife. They are
suspected to have adverse effect to the human health and environment. US EPA labeled these two
compounds as “ emerging contaminant” in May 2012. Stockholm Convention listed them as
Persistent Organic Pollutants (POPs).
PFOA/PFOS have been detected in water, wild life and humans in US, Asian and some
European countries [1-4]. Kannan K. et al [4] reported PFOS and PFOA were detected in human blood
samples from Unite States, Europe and some Asian countries. Relative high concentration of PFOS
and PFOA were detected in human blood from Poland, 42.1 ng/mL PFOS and 21.3 ng/mL PFOA
respectively. PFOA and PFSO were found in North Sea in Germany, their concentration were
reported as 2.9-12.5 ng/L and 2.3 ng/L, respectively [5]. Different technologies were studied to treat
PFOS and PFOA from aqueous solutions [6], granular activated carbon (GAC) method was reported
as the most effective method for treatment low concentration of PFOS and PFOA in portable water
[7]. For high concentration of PFOS and PFOA in aqueous solution, some advanced technologies
were studied to remove PFOA and PFOS in aqueous solution, no optimal solution has been found yet.
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Mercury compounds are harzardous compounds. Some organomerucy compounds have toxic
effect, especially methylmercury, a bioaccumulative environmental toxicantwhich caused Minamata
disease in Japan in 1956, 2,265 individuals in the area were inflicted, 1,784 of those victims died as a
result of the poisoning and/or the disease [8]. In the past, methylmercury was produced directly and
indirectly as part of several industrial processes such as the manufacture of acetaldehyde. Currently
there are few anthropogenic sources of methylmercury pollution other than as an indirect consequence
of the burning of wastes containing inorganic mercury and from the burning of fossil fuels,
particularly coal. It has been detected in estuarine sediments in some European countries , for eg.,
Belgium, UK, France,Croatia , Portugal etc. and Asian–Korean [9]. however a few studies was
reported for this compound treatment [10,11]. There is no published literatures of radiation treatment
of this compound.
8.2. EXPERIMENTAL
Synthetic solution was preparared by deionized water dissolved organic pollutants solute
(analytical purity), sulfuric acid or potassium hydroxide was used to adjust solution pH. For
pharmacetical industrial waste, it was used directly or after dilution before irradiation.
Radiation was carried out by gamma irradation: Co-60 Issledovatel (Russian) or Electron
beam radiation. Frick solution was used for dose measurement of gamma irradiation. The solutions
before irradiation were saturated with the appropriate gases – N2O, Air, Ar or Ar with t-butanol
presence. H2O2 was added for some investigated solutions. Reversed-phase HPLC (Shimadzu),
UV/Vis diode array detector and fluorescent detector RF-10Ax1were applied to analyse the sample.
Analytical column was Luna ODS2 (250 * 4.6 mm) and Guard colum was Phenomenex (Torrance,
CA, USA), Gradient solution was 1 ml/min; Sample injection volume was 100 μL for synthetic
solutions and 20 μL for waste, respectively; Dionex chromatograph model 20000i/p with a
conductivity detector, g anion-exchange column AS9 HC (Dionex) with pre-column AG9 HC and
electron –chemical suppressor model ASRS-1were used to seperate and analyze anions. Total organic
carbon was analyzed by TOC analyzer. Toxicity measurement was carried out by Microtox test or
Daphatoxkit test. For Microtox test, sodium thiosulfate was used to remove O3 and H2O2 in the
solution. Toxicity unit TU= 100 /EC50 , EC50 is a concentration causing 50% reduction of the
bioluminescence after 15 min incubation. For Daphatoxkit test (24-48 h acute toxicity test),
“Neonates” are hatched from Daphnia magna “dormant eggs” in about 3 days. Bioassay are conducted
in multiwell test plates, and count species (dead, alive, immobile) under microscope.
9.3. RESULTS AND DISCUSSION

3.1.

Chlorfenvinpors (CFV) degradation under gamma radiation [12]

Chlorfenvinpors (CFV) degradation in synthetic solution was studied under gamma radiation.
For solution containing 50mg.L- CFV, 90% and 100% of CFV was decomposed at 0.1 kGy and 0.5
kGy , respectively. Decomposition efficiency increased with increasing dose. The CFV and its
radiolytic products were shown in Fig.1
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Gamma

Fig.1 The CFV and its radiolytic products under gamma ray irradiation
Microtex (using Vibrio fisheri bacteria) toxicity test shows that CFV did not show toxicity to
Vibrio fisheri bacteria. But after irradiation, toxicity of FCV solution was increased, solution toxicity
was the highest at 4 kGy adsorbed dose. It was caused by H2O2 and radiolytic products of CFV.
Solution of CFV shows 100 % inhibition of acetylcholinesterase enzyme (CFV mainly toxicity) before
irradiation, 26% inhibition still remained after completely decomposition of CFV at 0.5 kGy dose.

3.2 Carbendazim degradation in synthetic solution [13]
Carbendazim degradation under gamma-ray irradiation was studied in synthetic solution for
the inital concentration of carbendazim being 20 µmol.L-1 to 100 µmol.L-1. The decomposition
efficiency of carbendazim decreased with increasing its initial concentration, 90% of carbendazim
was decomposed at 0.6 kGy. Degradation efficiency of carbendazim was slightly influenced by
solution pH value and scavenges. Its degradation efficiency decreased in the order : pH 10 > pH7 >
pH3; For 100 µmol.L-1 carbendazim solution with pH7, its Its degradation efficiency decreased in
the order : N2O saturated solution > aerated saturated solution > Ar-106mM tert-butanol saturated
solution, the G-value (unit : mol/J) were 0.293, 0.280 and 0.123 respectively. Daphatoxkie toxicity
test shows that the solution of toxicity is the highest at 0.1 kGy and the lowerest at 0.6 kGy. Human
leukemia test cells showed that after irradiaiton, surviving cell is less than before irradiation, no cell
was survived at 0.3-0.5 kGy. Carbendazim solution did not show response to Microtox test before or
after irradiation. The degradation product of carbendazim presents in Fig.2.

Gamma

Fig.2 The degradation product of carbendazim in synthetic solution under gamma ray irradiation

3.3 Carbendazim (MBC) degradation from industrial waste water of production carbendazim
[14]
Carbendazim degradation from industrial waste water of production carbendazim was studied
under gamma ray irradiaiton. Industrial waste contains 2-aminobenzimidazoel (2-AB), 2hydroxybenzimidazole (2-HB) and carbendazim. Without dilution of industrail waste, total

concentration of (2-AB + 2-HB + MBC) was 0.5-1.0 g/L, These main pollutants concentration
decreased 20% at 50 kGy dose. When 20-fold dilution waste water followed by irradiation, 100%
carbendazim ( 8 mg/L) was decomposed at 26 kGy dose; while 98% 2-AB ( 52 mg/L) and 90% 2-HB
(65 mg/L) were decomposed at 50 kGy dose, respectively.

3.4 4-chloro-2 –methylphenoxcyacetic acid (MCPA) degradation [15,16]
4-chloro-2 –methylphenoxcyacetic acid (MCPA) degradation under gamma-ray irradiation
was investigated. For initial concentration of 0.5 mM MCPA synthetic solutions at pH7, the
degradation efficiency of MCPA decreased in the order : aerated + 4.8 mM H2O2 saturated solution >
aerated, N2O or O2 saturated solution > Ar + ter-butanol saturated solution; For initial concentration of
0.5 mM MCPA synthetic solutions at pH1.5, the degradation efficiency of MCPA decreased in the
order : aerated + 4.8 mM H2O2 saturated solution > Ar + ter-butanol saturated solution; For Ar + terbutanol saturated solution, the degradation efficiency of MCPA in synthetic solution with pH 1.48
was higher than that in solution with pH 7.
The presence of chloride influence on the degradation efficiency of MCPA was studied for
150 ppm MCPA solution containing 90 g/l chloride, it was found that the degradation efficiency of
MCPA was decreased with chloride presence.
Microtox toxicity test was carried out for the 100 ppm solution of MCPA. Toxicity changed
with the solution pH, the toxicity of solution with pH 1.5 > pH 7 > pH 11.5. Addition H2O2 into
solution increased the solution of MCPA after irradiation.
3.5 4-chloro-2 –methylphenoxcyacetic acid (MCPA) degradation from industrial waste from
production MCPA [15,16]
4-chloro-2 –methylphenoxcyacetic acid (MCPA) degradation from industrial waste was
studied under gamma-ray irradiation with/without presence of H2O2. The degradation efficiency of
MCPA was increased with addition of 39 mM H2O2 to the solution. The degradation products were
identified by using reversed phase HPLC chromatograms with/without H2O2were hydroquine,
catechol, phenol, o –cresol, MPA and 4-chloro-2-methylphenol. 4-chloro-2-methylphenol formation
was decreased with the presence of 39 mM H2O2.
3.6 2,4-dichlorophenoxyacetic acid(2,4-D) degradation [17-19]
50 mg/L 2,4-D degradation in synthetic solution was studied under gamma ray irradiation. At
0.3 kGy absorbed dose, the main degradation products of 2,4-D were 2,4-dichlorophenol, phenols and
monochlorophenols. 40% 2,4-D was decomposed at 1 kGy. At 4 kGy absorbed dose, about 100% 2,4D was decomposed, however hydroquinone formation was increased, which is very toxic to Vibrio
fisheri bacteria. Phenols are the main products.
Degradation efficiency of 2,4-D was slightly influenced by scavengers presence. In the
presence of CO32- (200 mg/L – 400 mg/L), 50 mg/L humic acid or 50 mg/L NO3-, the Degradation
efficiency of 2,4-D was decreased. 50 mg/L NO3- presence increased the toxicity of solution when
irradiation dose was higher than 4; In the presence of carbonate, hydroquinone formationwas
decreased from 11 mg/L to 5 mg/L at 5 kGy dose, which decrease the total toxicity of the irradiated
soution. Another radiation product pyrocatechol formation was increased.
110 mg/L 2,4-D degradation was investigated in Seibersdorfer tap water (SW) and Vienna
tap water (VW)by gamma radiolysis. SW contained 250– 280 μmol/L O2, 4.43 mmol/L bicarbonate,
720 μmol/L nitrate, 83 μmol/L dissolved organic carbon, pH 8.5; VW contained 250–280 μmol/L O2,
3.28 mmol/L bicarbonate, 65 μmol/L nitrate, 58 μmol/L dissolved organic carbon, pH 8.2. It was
found that 2,4-D degradation was a slightly faster in VW than in SW.
100 mg/L 2,4-D degradation was investigated in SW by EB, O3 or EB/O3. The yield of 2,4-D
degradation and Cl- formation were increased by EB/O3 comparing to EB or O3. For completely
degradation of 2,4-D, 10 kGy dose was needed for EB while in the presence of O3, the required dose
decreased to 2.66 kGy dose. The formation of Cl-, formate and acetate were increased by EB/O 3
while organic product 2,4-dichlorophenol (DCP) was decreased by EB/O3.
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3.7 2,4-Dichlorophenol (2,4-DCP) degradation under gamma ray irradiation [20, 21]
Effect of dose on the yield of 2,4-DCP degradation and inorganic chloride formation for the
irradiation of 20 ppm and 50 ppm in aerated solutions of initial pH 7.0 was studied. It was found that
the degradation efficiency of 2,4-DCP and formation of Cl- decreased with increasing initial
concentration of 2,4-DCP. Nitrate presence decreased 2,4-DCP degradation. Microtox toxicity test
showed that NO3-, Cl- and humic acid presece increased toxicity of 2,4-DCP solution.

3.8 Dicamba degradation under EB and gamma ray irradiation[22]
Dicamba degradation in synthetic solution was investigated under EB and gamma irradiation.
For 110 mg/l (0.5 mM) dicamba solution saturated with air, 80% dicamba was decompsed at 4 kGy
dose, only 50% of the decomposed dicamba was degraded with a release of inorganic chloride.
Hydroquinone, catechol, phenol and 2-chlorophenols were identified as the products of radiolytic
degradation. O3 addition had positive effect on dicamba decomposition and Cl- formation under EB
irradiation. G-value (mol/J) of dicamba decomposition and Cl- formation without O3/with O3 were
0.13 and 0.18 (without O3) , 0.43 and 0.53 (with O3), respectively.
Microtox toxicity test showed that toxicity of dicamba solution was a little increased at 1.0 1.3 kGy.

3.9 Emerging pollutant Diclofenac degradation under gamma irradiation [23]
Diclofenac (50 mg/l) degradation in synthetic solution under gamma irradiation was
investigated. It was found that the degradation efficiency of diclofenac decreased in the order of :
N2O-saturated solution > aerated solution > Ar-saturated saturated solution. For 99% degradation of
diclofenac in solution, 1 kGy and 4 kGy were needed for N2O-saturated solution and aerated solution,
respectively.
Microtox toxicity test showed that in early stage of irradiation, toxicity of solution was
increased. After complete decomposition of DCF, 33% of Microtox toxicity was decreased compare to
prior to irradiation.

3.10 Emerging pollutant perfluorooctanoic acid (PFOA) degradation under EB and gammaray radiation [24,25]
1 mg/L PFOA degradation under EB and gamma-ray irradiation was studied in synthetic
solution. PFOA deflorination prefers reduction pathway, hydrogen radicals and hydrated electron
presence enhance the PFOA deflorination. PFOA deflorination efficiency was decreased in the order
in the solution with: argon-saturated, pH 2.0 + 20 mg/L of t-butanol > argon-saturated, pH 7.0 + 20
mg/L of t-butanol > aerated solution. 80% PFOA was decomposed at 50 kGy at the dose rate being
4.8 kGy/h under gamma-ray irradiation . When the absorbed dose increasing to 100 kGy, 100% of
PFOA was decomposed under EB or gamma irradiation.
Main degradation products of PFOA were identified as: perfluoroheptanoic acid,
perfluorohexanoic acid and fluoride ion.

3.11 Emerging pollutant methylmercury removal from aqueous solution by UV-visible assisted with
TiO2 catalyst [11]
There is no published literature data concerning methylmercury removal from aqueous
solution by radiation technology. Miranda et al. [11] studied methylmercury removal from synthetic
solution by photolysis method. It was found that 35% CH3HgCl ( 100 μg/L) was removed from
aquesous solution (pH 9-11) after 30 min. UV-visible irrdiation. When 0.06-0.2 g/L TiO2 catalyst was
added into solution, 100% CH3HgCl was removed from aquesous solution after 10 min. UV-visible
irrdiation. Hg (II) from CH3HgCl to become Hg(0). In N2-saturated solution, CH3OH was formed ; In
O2-saturated solution, CO, CO2 and CH4 were formed.
Two important reactions involved in CH3HgCl removal, they were given below:
CH3HgCl + OH + H+ = CH3OH + Hg2+ + HCl
(1)
Hg2+ + 2 e- = Hg (0)
(2)

Hg(0) vapors can be retained by copper powder forming amalgam.
OH and H+ can be easily generated by water radiolysis, therefore, EB or gamma-ray irradiation
is a promising technology to remove CH3HgCl from aqueous solution.

10.4. CONCLUSIONS
Based on the experiemntal results, follwing conclusions were drawn:










Selected pesticide or herbicide in aqueous solution or waste can be degradated by using
radiation technology
Toxicity is changed after irradiation due to formation of transient products. It is very
important to monitor the toxicity of solution.
pH, scavengers initial concentration might influence on the decomposition efficiency of
organic pollutants.
Pharmacetical compounds diclofenac can be degraded by gamma radiation.
Intermidiate formation increase microtox toxicity of solutions, while complete degradation of
DCF, microtox toxicity of the solution decreases 33%.
PFOA might be completely minerised under EB or gamma irradiation.
Although gamma radiation with the lower dose rate has better decomposition efficiency of
PFOA, EB is more promising to be applied in waste water effluent treatment.
PFOA/PFOS needs to be further investigated.
Methylmercury is an hazardous compound, however there are no studies of radiation
treatment of this compound. Toxic organomergury compounds removal from aqueous
solution should to be urgently taken into consideration.
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ABSTRACT
Increasing public concerns about the trace concentration levels of antibiotics and their metabolites
remaining in wastewaters after standard treatments is motivating the study of additional water
polishing approaches such as the use of radicals generated by advanced oxidation processes.
However, to completely ensure the removal of all amounts of antibiotics using these processes at
large-scale, a full understanding of the chemistry involved, including degradation mechanisms,
kinetics, and reaction efficiencies, must be accurately determined. In this work we report upon the
quantitative measurements of the efficiency of only hydroxyl radical reactions with multiple -lactam
antibiotics, with these radicals generated by radiation techniques and activity measured using. S.
Aureus bacterial growth. For these chemical contaminants it was found that 4-5 hydroxyl radical
oxidations per molecule were necessary to degrade the antibiotics sufficiently to remove all activity in
high quality water solutions. The important effects of the real-world water matrix components, notably
dissolved organic matter and alkalinity, were also separately investigated. The multiple oxidations
required to completely remove -lactam and metabolite activity has profound implications for
advanced oxidation process treatments of antibiotic-contaminated waters.
1.0 INTRODUCTION
The extensive use of antibiotics around the world today has profound implications for our society.
However, in response to this sudden pressure from these drugs over the past 90 years bacteria have
developed multiple alternative survival methods. Bacterial modifications include direct degradation,
decreased uptake, increased efflux of the antibiotic, alteration of binding site topography,
overexpression of the antibiotic target molecule, or even complete metabolic rerouting [1]. There are
now some bacterial strains that are completely resistant to entire classes of antibiotics, such as those
harboring the gene for New Delhi metalo-β-lactamase 1 [2] or the gene that confers resistance in
MRSA, mecA, which codes for a target protein that has an extremely low affinity for β-lactam
antibiotics [3].
The -lactams are some of the most used antibiotics, with some 80 million courses of these antibiotics
prescribed in 2010 [4]. In human use up to 70% of these the -lactams pass directly into wastewater
streams untransformed, the rest are secreted as metabolites. These antibiotics are also used extensively
in commercial agriculture [5] and to enhance livestock growth [6]. All these antibiotics and their
residues from livestock waste inevitably make their way into our water systems. Solution
concentrations of β-lactam antibiotics have been found at ng L-1 levels in both sewage effluent and in
surface waters [7]. While this is not a therapeutically relevant concentration, there is evidence that
even sub-inhibitory levels of antibiotic are sufficient to select for antibiotic resistance genes [8], and
resistant strains have been isolated at high frequency in wastewater streams [9,10] .
Public concern about the trace concentrations of antibiotics remaining after standard primary and
secondary treatment methods [11] is motivating the use of additional treatment polishing steps for
these waters. Advanced oxidation process (AOP) technologies are an attractive option to destroy these
small chemical contaminants. AOPs typically employ highly oxidizing hydroxyl radicals (E o = 2.8 V
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[12]) that react with, and can ultimately destroy, a wide variety of contaminants [13,14,15]. Hydroxyl
radicals can be created in water using a variety of methods. The use of O 3/H2O2, O3/UV-C, and
H2O2/UV-C are common at large-scale treatment [16], Fe(II) and H2O2 can produce •OH radicals
though Fenton’s reaction chemistry [17], and TiO2 can photocatalytically create •OH [18]. Hydroxyl
radicals can also be created directly in aqueous solution without added chemicals by techniques such
as with sonolysis [19], supercritical water oxidation [20], cativation [21], and notably radiolysis
methods [16].
However, an important caveat to recognize, regardless of the method of •OH radical generation, is that
the oxidized product of the hydroxyl radical reactions with these antibiotics may still retain some
biological activity. For the -lactam antibiotics the potency of their oxidation products has been
investigated for several years now. Previous kinetic studies [22] reported that the •OH preferentially
reacts with the peripheral phenyl ring of the antibiotic, leaving the core β-lactam moiety intact. One of
these possible hydroxylation products, p-hydroxybenzyl penicillin, has been shown to be biologically
active [23,24].
Contradictory information about the efficiency of these hydroxyl radical reactions has also been
reported. The earliest study [25] utilized ●OH radical generation from O3/H2O2 and found that a single
oxidation of a penicillin-G solution by either the hydroxyl radical or ozone did not remove all the
antibiotic behavior, as measured by changes in reference E. Coli or B. subtilis bacterial strain growth.
This study also showed that low levels of o-, m-, and p-hydroxybenzylpenicillin were formed.
However, these findings were contradicted by a more recent investigation [26] that generated ●OH
radicals using UV/H2O2, where it was concluded that only a single oxidation by this radical was
required to completely remove all antibiotic activity. The same results were obtained in the latter
study in both ultrapure and secondary effluent wastewater from two different treatment plants, and
imply that the antibiotic activity of an •OH-treated solution of penicillin-G depends only upon the
parent molecule concentration.
These inconsistencies in the amount of hydroxyl radical based oxidation to completely remove the
penicillin-G antibiotic activity suggests that additional chemistry from the hydrogen peroxide or ozone
used in the generation of the ●OH radical obscures the true radical chemistry occurring with these
antibiotics. This view is further supported by another recent study [27] that utilized gamma radiation
techniques to generate oxidizing hydroxyl radicals in antibiotic solutions in water, and found that 4-9
radical oxidations were necessary to completely remove all antibiotic activity for three structurally
similar -lactams (penicillin-G, amoxicillin and ampicillin). However, this large variation in this
extent of oxidation necessary made quantitative comparison to the previous studies difficult.
To ensure complete deactivation of biologically active compounds in treated waters at large-scale, a
quantitative understanding of the oxidative degradation mechanisms occurring, •OH-mediated
oxidation kinetics, reaction efficiencies, and biological activity of the oxidized products must be
accurately determined [28]. Therefore in this study we have quantitatively investigated the role of only
hydroxyl radical reactions with multiple members of the -lactam antibiotic family using radiolysis.
The major advantage of this approach is that no additional chemicals are required in the water matrix,
as the radiolytic energy is directly deposited in the water solvent to quantitatively create hydroxyl
radicals. Additionally, as real-world waste waters are a complex, multi-component system, the
confounding effects of other major components, such as dissolved organic matter (DOM) and
alkalinity must also be considered. All of these parameters need to be ultimately combined to calculate
effective rate constants for the total removal of antibiotic activity via •OH oxidation under AOP
process conditions.
2.0 EXPERIMENTAL
All -lactams of this study were purchased from the Sigma-Aldrich or Indofine Chemical Co., with
purities of ≥ 95%. Suwannee River Fulvic Acid Standard I (SRFA) was purchased from the
International Humic Substances Society. Solutions were prepared in Millipore Milli-Q® charcoal
filtered (TOC < 13 ppb) deionized (>18.2MΩ) water and adjusted to pH 7.00 using perchloric acid or

sodium hydroxide. All solutions were aerated and stored at 4 oC until irradiation. Antibiotic activity of
irradiated samples was measured within 48 hours.
2.1 BACTERIAL GROWTH INHIBITION EXPERIMENTS.
Staphylococcus aureus cultures were maintained as described previously [29]. The colorimetric
reagent was prepared immediately before use. The minimum inhibitory concentration (MIC) for each
antibiotic was found using the microtiter broth-dilution method [30]. Working antibiotic solutions
were prepared with a concentration 3 fold higher than their measured MICs for this study.
Standard 96-well flat bottom microtiter plates were used to perform the bacterial assay. Each reaction
volume contained 50 μL of 3X antibiotic solution, 50 μL of colorimetric reagent, and 50 μL of diluted
inoculum. All samples were measured in triplicate. A Thermo Varioskan Plate reader was used to
measure the sample absorbancies at 490 nm.
2.2 STEADY STATE RADIOLYSIS EXPERIMENTS.
Steady state gamma 137Cs (University of California, Irvine) radiolysis was used to quantitatively
generate specific concentrations of •OH radicals in the antibiotic solutions. These high energy gamma
rays deposit energy directly into the water solvent, which causes water bond breakage and ionization
followed by radical combinations according to the general scheme [12]:
H2O radiolysis

 [0.28]●OH + [0.06]H● + [0.27]eaq- + [0.05]H2 + [0.07]H2O2 + [0.27]H+

(1)

The numbers in brackets preceding each species is their ultimate escape yield (G-value) in mol Gy-1
of deposited energy. Under aqueous, aerated, conditions at neutral pH, the reducing radicals react with
the dissolved oxygen present ([O2]dissolved = 250 M) to produce the relatively inert superoxide radical
anion, according to [12]:
eaq- + O2(aq) → O2-(aq)
●

k2 = 1.9 x 1010 M-1 s-1

●

H + O2(aq) → HO2 (aq) ⇋ H (aq) + O2 (aq)
+

-

(2)
10

-1

k3 = 1.2 x 10 M s

-1

pKa3 = 4.8

(3)

Of the remaining oxidizing species, the H2O2 reaction with the -lactam antibiotics is very slow (35),
and not significant on the timescale of these experiments. Therefore, the only remaining reaction of
note is that of the hydroxyl radical:
●

OH + -lactam → product(s)

k4

(4)

•

The exact amount of OH radicals delivered per minute to each sample was calculated using the
standard yield of GOH = 0.28 µmol Gy-1 [12] and the measured irradiator dose rate (Gy min-1). By
simply varying the overall irradiation time, exact [ •OH]:[Antibiotic] stoichiometric ratios were
achieved.
3.0 RESULTS AND DISCUSSION
The specific structures of the -lactam antibiotics used in this study are given in Figure 1. Hydroxyl
radical rate constants for these compounds have been previously measured [22, 31] and are
summarized in Table 1.
Insight into the hydroxyl radical reactivity can be obtained from a simple structure-reactivity analysis
of the measured rate constants for the different -lactams. Assuming that the overall ●OH radical
reactivity is additive across the molecule, and based on the measured rate constant for the core penam structure,
(+)-6-aminopenicillanic acid, of k = (2.40 ± 0.05) x 10 9 M-1s-1 [32] the significantly faster reactivity for all the
●
other species (see Table 1) implies that most of the OH reactivity occurs at the side-chain substituents.
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Table 1. Measured rate constants and ●OH
oxidations required for activity deactivation for
β-lactam antibiotics.

H
S
N

O
OH

O

Name

k4
(10 M-1s-1)

# ●OH
oxidations to
completely
remove activity

6.94 ± 0.44
8.21 ± 0.29
6.27 ± 0.13
8.70 ± 0.32
6.98 ± 0.18
8.18 ± 0.99

5
4
4
5
5
4
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For penicillin-G, whose rate constant is k = (8.70
± 0.32) x 109 M-1s-1 [22] the factor of four faster
reactivity suggests that the initial •OH reactivity
occurs at the at the substituent ~75% of the time.
Based on analogous rate constant data from the
literature for similar compounds [12] most of the
●
OH reactivity would be expected to occur at the
sulfur atom, while for the substituent it would be
expected to occur at the aromatic phenyl ring,
ultimately resulting in phenolic species.
However, these ultimate products would still
have an intact -lactam ring, and thus still be
functional antibiotics.
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Figure 1: The core penam structure and specific
substituents of the β-lactam antibiotics of this
study.
This overall hydroxyl radical reactivity at various sites in the molecule is depicted for penicillin G in
Figure 2. Similar inferences can be made for all the other -lactams of this study.
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Figure 2: Schematic depicting possible •OH radical reaction locations for Penicillin G. The hydroxyl
radical preferentially reacts with the electron rich phenyl ring, and therefore more than one oxidation
may be required to deactivate the molecule.

3.1 BACTERIACIDAL ACTIVITY OF OXIDATION PRODUCTS
The extent of oxidation required to fully remove antibiotic activity from water was determined using
steady-state 137Cs irradiation to selectively oxidize aqueous solutions of the -lactams. The major
advantage of this technique is due to the photon energy being deposited into the water (55.45 M) as
compared to the added solutes (≤ 10 mM). This generates known concentrations of ●OH radicals
consistently in all solutions, independent of the -lactam present, based on the known dose rate of the
irradiator. For each antibiotic the irradiation times were chosen so that specific [ •OH]:[Antibiotic]
ratios were achieved.
The irradiated solutions were then used in our bacterial growth measurements. Relative growth
percentages were calculated by subtracting the average minimum sample absorbance from the average
absorbance of the sample and dividing by difference between the average minimum and maximum
absorbances. These relative growth percentages were plotted against the calculated [•OH]:[Antibiotic]
ratios. A sigmoidal curve was fit to the data to determine the integer ratio at the onset of the limiting
(100% relative growth) value. A representative plot showing the obtained data for cloxacillin,
penicillin G, and amoxicillin is given in Figure 3. No change in antibiotic activity was observed
(corresponding to zero bacterial growth)
until after at least three oxidation events
occurred. The point where 100% growth of
the bacteria re-occurred was taken as
150
where the average number of oxidations
per molecule was sufficient to destroy all
100
antibiotic activity. For penicillin-G this was
at a total of 5 ●OH reactions, similar to the
value predicted from the kinetic data. An
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increasing side-chain complexity, the
number of ●OH radical oxidations to
Figure 3: Bacterial growth inhibition curves for
remove all antibiotic activity increases, as
cloxacillin, penicillin G, and amoxicillin. Data are offset
expected. The result that multiple (4-5)
for clairity. A sigmoidal curve was fit to the data to find
oxidations is necessary to remove all
the onset of 100% growth recovery.
activity for these -lactam antibiotics in
% Growth

200

water has major implications for AOP treatments.
Our calculated oxidative degradation data for these -lactam antibiotics are quantitative measurements
of only ●OH oxidative based degradation of antibiotic activity. In comparison to the previous
investigations [25,26,27] for penicillin-G our data are in closer agreement to the original finding [25]
that there is residual antibiotic activity after initial ●OH oxidation of penicillin-G. In contrast, our
findings directly contradicts the findings of Keen and Linden [26], who determined that only a single
oxidation was required to remove all antibiotic activity. At this time we cannot reconcile these data. It
is possible that the presence of excess H2O2 used in their method somehow impacts the ●OH
partitioning across the molecule, or that the intermediate formed in the first oxidation reacts with the
peroxide to break the lactam ring.
3.2 Impacts of Wastewater Matrix Components.
Additional experiments were also performed to specifically investigate the impacts of added dissolved
organic matter (DOM) and carbonate. Suwannee River Fulvic Acid (SRFA I) was used as a model
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DOM. Penicillin G solutions were prepared as before, and then separately spiked with 10 mg L -1
SRFA I prior to irradiation. Relative bacterial growth curves for these samples were again determined,
and are plotted as a function of [•OH]:[Penicillin G] in Figure 4 in comparison to the original data for
penicillin G.
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Figure 4. Bacterial growth inhibition curves for Figure 5. Bacterial growth inhibition curves for
penicillin G alone in solution, and in the presence penicillin G alone in solution, and in the presence
of 10mg L-1 SRFA.
of 10 mM CO32-.
The deactivation of penicillin G in the presence of SRFA required more •OH oxidations than penicillin
G alone (ca. 9 ●OH radical reactions as compared to 5). This increase can be attributed to the loss of
hydroxyl radicals by reaction with DOM, but also infers that any DOM radical produced does not
impact the penicillin-G antibiotic activity.
Experiments were also performed for the separate addition of 10 mM L -1 carbonate to penicillin G
solutions, with the solution pH adjusted back to its original value after addition. Here, the overall
deactivation of penicillin G was seen to be more efficient, with loss of total activity observed after
only 3 •OH oxidation events. At this carbonate concentration and pH, a significant fraction of the
hydroxyl radical reaction will occur to produce carbonate radicals (CO3-●), and so we postulate that the
reaction of the carbonate radical with penicillin-G is more efficient at deactivating -lactams than
hydroxyl radicals.
4.0 CONCLUSIONS
Hydroxyl radical reaction efficiencies with -lactam antibiotics in pure water have been quantitatively
measured using radiolysis and bacterial growth inhibition techniques. It was found that multiple (4-5)
radical oxidations per antibiotic molecule are required to completely remove all antibacterial activity.
Additional investigations using penicillin-G aqueous solutions containing dissolved organic matter
showed that the deactivation efficiency was decreased, as expected. In contrast, the presence of
bicarbonate/carbonate improved the deactivation efficiency, which implied that carbonate radicals are
more efficient at breaking the -lactam ring than hydroxyl radicals. This complex chemistry that
encompasses radical kinetics and overall deactivation efficiencies under real-world conditions has to
be fully elucidated in order for advanced oxidation process treatments of antibiotic-contaminated
waters at large-scale to be fully understood.
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